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Variations in stable isotope abundances of nitrogen (δ15N) and oxygen (δ18O) of nitrate are a 

useful tool for determining sources of nitrate as well as understanding the transformations of 

nitrogen within soil (Chapter 2). Various sources of nitrate are known to display distinctive 

isotopic compositions, while nitrogen transformation processes fractionate both N and O isotopes 

and can reveal the reaction pathways of nitrogen compounds. However, to fully understand the 

δ15N and δ18O values of nitrate sources, we must understand the chemistry and the isotopic 

fractionations that occur during inorganic and biochemical reactions. Among all N cycle 

processes, nitrification and denitrification displayed some of the largest and most variable 

isotope enrichment factors, ranging from -35 to 0‰ for nitrification, and -40 to -5‰ for 

denitrification. In this dissertation, I will first characterize the isotopic enrichment factors of 15N 

during nitrification and denitrification in a Midwestern agricultural soil, two important microbial 

processes in the soil nitrogen cycle. Nitrification incubations found that a large enrichment factor 

of -25.5‰ occurs during nitrification NH4
+ ➔ NO3

-, which agrees well with previous studies 

(Chapter 3). Additionally, oxygen isotopic exchange that occurs between nitrite and water during 

nitrification was also quantified and found that 82% of oxygen in NO3
- are derived from H2O, 

much greater than the 66% predicted by the biochemical steps of nitrification. The isotopic 

enrichment that occurs during denitrification was assessed by measuring the change in δ15N as 

the reactant NO3
- was reduced to N2 gas (Chapter 4). The incubations and kinetic models showed 
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that denitrification can causes large isotopic enrichment in the δ15N of remaining NO3
-. The 

enrichment factor for NO2
- ➔ gaseous N was -9.1‰, while the enrichment factors for NO3

- ➔ 

NO2
- were between -17 to -10‰, both of which were within the range of values report in 

literature. The results demonstrated that nitrification and denitrification caused large isotope 

fractionation and can alter the presumed δ15N and δ18O values of nitrate sources, potentially 

leading to incorrect apportionment of nitrate sources. 

The results of the denitrification incubation experiments were applied to a field study, where 

the measured enrichment factor was utilized to quantify loss of N by field-scale denitrification 

(Chapter 5). Field-based estimates of total denitrification have long been a challenge and only 

limited success has been found using N mass balance, N2O gas flux, or isotope labeling 

techniques. Here, the flux of nitrate and chloride from tile drain discharge from a small field was 

determined by measuring both dissolved ions (ion chromatography) and monitoring water 

discharge. The δ15N and δ18O of tile nitrate was also measured at a high temporal resolution. 

Fluxes of all N inputs, which included N wet and dry deposition, fertilizer application, and soil 

mineralization were determined. The 15N and 18O values of these nitrate sources was also 

determined. Using this data, I first detected shifts in δ15N and δ18O values in the tile drain nitrate, 

which indicated variable amounts of denitrification. Next, a Rayleigh distillation model was used 

to determine the fraction of NO3
- loss by field scale denitrification. This natural abundance 

isotope method was able to account for the spatial and temporal variability of denitrification by 

integrating it across the field scale. Overall, I found only 3.3% of applied N was denitrified.  

Furthermore, this study emphasized the importance of complementary information (e.g. soil 

moisture, soil temperature, precipitation, isotopic composition of H2O, etc.), and the evidence it 

can provide to nitrogen inputs and processes within the soil. 
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 INTRODUCTION 

This introduction briefly outlines the questions and research needs to deepen our 

understanding of the nitrogen cycle within soil and the impacts of anthropogenic reactive 

nitrogen additions to intensively managed landscapes. Below are the objectives of this 

dissertation followed by the organizational layout. 

1.1 Objectives 

1. Improve and constrain the 15N enrichment factor and the sources of oxygen of nitrate formed 

during soil nitrification in a midwestern agricultural soil.  

Nitrification is a microbial process that occurs under aerobic conditions in soils and 

oxidizes NH4
+ to NO3

-. The stable isotopes of NO3
- (δ15N and δ18O) are frequently used to 

delineate between different sources of NO3
- in soils and marine environments, such as 

nitrification. The δ15N value of NO3
- derived from nitrification is often assumed to directly 

reflect the δ15N value of the nitrogen sources (manure, soil N, NH4
+ fertilizers). In contrast, the 

NO3
- δ18O value is often assumed to be proportional to the δ18O values of the sources of oxygen 

used during nitrification, which include H2O and O2. Here we measured the isotope enrichment 

that occurs in 15N and the sources of oxygen in the final NO3
- product from nitrification in water 

runoff from a Midwestern cultivated field. This was evaluated by performing aerobic incubations 

of soil amended with high concentrations of ammonium mixed with isotopically variable H2O. 

Results showed that the enrichment factor of δ15N from nitrification is large. Additionally, during 

these incubations we found that the fraction of oxygen from H2O used during nitrification do not 

always hold. The fraction of oxygen derived from H2O found in the NO3
- product was 
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consistently higher than the theoretical value of 0.66. The fractions of oxygen in NO3
- from H2O 

were 0.82, indicating isotope exchange between H2O and the nitrification intermediate NO2
- is 

rapid in agricultural soils amended with ammonium.  

 

2. Quantify the 15N enrichment factor for nitrate and nitrite reduction during denitrification in a 

midwestern agricultural soil by experimental and kinetic models. 

Nitrogen stable isotopes are often used to delineate between different sources of nitrate and 

nitrite in soils and marine environments. In isotope mixing models the nitrogen isotope ratios in 

nitrate and nitrite from different sources are often assumed conservative. However, a process 

such as denitrification, the reduction of NO3
- to N2, can cause substantial changes in the nitrogen 

stable isotope ratios, causing error in nitrate and nitrite source apportionment when using isotope 

mixing models. Because nitrate and nitrite are reduced by different enzymes they have different 

degrees of isotope enrichment and studies have demonstrated the overall rate of reduction can 

vary due to environmental conditions. Here we report the nitrogen isotope enrichment factor for 

both nitrate and nitrite reduction in a Midwestern agricultural soil. Enrichment values were 

determined by performing denitrification incubations using agricultural soils collected and 

measuring the change in nitrite and nitrate concentrations and their nitrogen isotope ratios as a 

function of time. Data was then fit to models using a kinetic complier, kinetcus, to determine the 

nitrate and nitrite isotope enrichment values using first order, zero order, and Michaelis-Menten 

models.  

 

3. Quantifying field-scale denitrification by measuring the change in concentration and δ15N of 

field NO3
- and applying a Rayleigh distillation model 
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Denitrification is a microbial process that occurs in anaerobic conditions reducing NO3
-

/NO2
- in solution to N2 and N2O gases. This process removes reactive nitrogen species resulting 

in the undesired loss of N from intensively managed landscapes (IML). Quantifying the amount 

of N loss by denitrification within IMLs is difficult. Current chamber and open-path optical 

methods can be time-consuming and limited in spatial and temporal resolution. Here we present 

an isotopic approach to quantify denitrification that is able to integrate spatial and temporal 

variability across the field scale. Tile drain discharge was collected at an IML site between May 

and November and was analyzed for ion concentrations (NO3
-) and isotopic composition of H2O 

(δ2H and δ18O) and NO3
- (δ15N and δ18O). The amount of NO3

- leached from the beginning of 

May to the end of October was 31 kg N ha-1, while denitrification was 7.6 kg N ha-1. Seasonal 

estimates of denitrification N loss were 2.0, 4.7, and 0.9 kg N ha-1 for Spring, Summer, and Fall 

respectively. 

1.2 Chapter Organization 

This dissertation is comprised of six chapters, including this introduction, and is organized as the 

following: 

• Chapter 2: Literature Review of the Soil Nitrogen Cycle and Applications of Stable 

Isotopes 

• Chapter 3: Determination of the 15N Enrichment and Sources of Oxygen in Nitrate 

Produced by Nitrification in an Agricultural Soil.  

• Chapter 4: Determination of the 15N Enrichment of Nitrate and Nitrite Reduction During 

Denitrification by Experimental and Kinetic Models 

• Chapter 5: Quantification of Field-Scale Denitrification by Stable Isotope Analysis of 

Nitrate and Water from Tile Drain Discharge 
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• Chapter 6: Conclusion and Future Directions 
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 LITERATURE REVIEW OF THE SOIL NITROGEN 

CYCLE AND APPLICATION OF STABLE ISOTOPES 

2.1 Soil Nitrogen Cycle 

Nitrogen (N) is a necessary element for life, since it is a major element in amino acids 

that make up proteins (Hatfield & Keeney, 2008). Despite the fact that nitrogen accounts for 79% 

of the Earth’s atmosphere, only a few specialized bacteria, archaea, and fungi can utilize N2 from 

the atmosphere (Franche et al., 2009). The biological inaccessibility of N2 is due to the high 

energy (942 kJ/mol) required to break the N2 triple bond (Cottrell, 1958). A few microorganisms 

(biological) and lightening (physical) are the only natural processes that can convert N2 to 

biologically available N, which is referred to as “fixed N”. Fixed N exists as either an inorganic 

compound, such as ammonium (NH4
+) and nitrate (NO3

-), or as organic compounds, such as urea 

((NH2)2CO), amino acids, and complex biologic material. The variety of N compounds 

demonstrate the versatility of N because it can exist in several oxidation states, ranging from +5 

to -3 (Table 2.1). Nitrogen can transition between these oxidation states through biogeochemical 

redox reactions while cycling through the atmosphere, biosphere, hydrosphere, and geosphere. 

This cycling makes up the nitrogen cycle (Figure 2-1). The biologic nitrogen cycle consists of 5 

main biological processes: Nitrogen fixation, assimilation, mineralization, nitrification, and 

denitrification (Bothe et al., 2006). These processes are driven by environmental factors such as 

temperature, soil moisture, and resource availability (Bothe et al., 2006).  
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Figure 2-1 A simplified nitrogen cycle showing major N transformations and processes. 

 

Table 2-1 The oxidation states of nitrogen in common compounds 

Nitrogen Compounds Nitrogen Oxidation State 

NH3/NH4
+ -3 

NH2OH -1 

N2 0 

N2O +1 

NO +2 

NO2
- +3 

NO3
- +5 
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Biological fixation is the microbial process of converting N2 into biologically available 

NH3 (Eq. 1). Despite the presence of the FeMo cofactor, which lowers the activation energy, this 

reaction is still energy demanding and requires sixteen ATP molecules to break the N2 triple 

bond (Berg et al., 2002; Hoffman et al., 2014). 

N2 + 8e- + 8H+ + 16 ATP ⟶ 2NH3 + H2 + 16ADP + 15Pi  Eq. 1 

Where ATP is adenosine triphosphate, an energy source in cells, ADP is adenosine diphosphate, 

and Pi is an inorganic phosphate (orthophosphate). Consequently, few microorganisms can 

perform this reaction, but those that do are prolific producers of fixed N. These terrestrial and 

oceanic microorganisms naturally fix approximately 107 Tg N yr-1, far more than the 5.4 Tg N 

yr-1 fixed by lightening (Galloway et al., 2004). Humans have enhanced biological fixation 

through the cultivation of legumes that have a symbiotic relationship with nitrogen fixing 

microorganisms. Estimates of global anthropogenic N fixed by legume cultivation are on the 

order of 31.5 Tg N yr-1 (Galloway et al., 2002). 

Assimilation is the creation of organic N from inorganic N by microorganisms (also 

called immobilization) or plants (uptake). Organic N is often viewed as a temporary storage, or 

reservoir, of nitrogen (N), because it will eventually return to biologically available N through 

mineralization (see below). The rate of soil N immobilization is controlled by several factors 

within the soil such as temperature, moisture, total organic content, pH, soil type, and the 

carbon/nitrogen (C/N) ratio of soils (Geisseler et al., 2010). Among these variables the C/N ratio 

has the strongest control on whether immobilization will result in a net sink of N, because 

microbes will either further decompose releasing N or will use the excess C to uptake N 

(Geisseler et al., 2010). Research suggest that C/N greater than 40 will lead to net immobilization 

(organic N), while a ratio below 20 leads to net N mineralization (NH4
+).  
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N mineralization is the counter process to immobilization, meaning organic N is 

transformed back into biologically available inorganic N (organic N ➔ NH4
+) by heterotrophic 

fungi and bacteria. The rate of organic N turnover is driven by the mineralization rate (Luxhøi et 

al., 2008). Mineralization is composed of two processes aminization and ammonification. 

Aminization is the first step when bacteria break complex proteins into simpler amino acids, 

amides, and amines as a means of gaining energy (proteins ➔ R-NH2 + CO2 + Energy). 

Ammonification is when bacteria degrade these simple compounds into NH3 (R-NH2 + H2O ➔ 

NH3 +R-OH + Energy). This newly formed NH3 can then rapidly react with H2O to form NH4
+. 

This reaction is often considered desirable, because NH4
+ does not readily leach from soils like 

other inorganic forms of N, since it is attracted to the negatively charged particles in clay soils. 

Like immobilization, mineralization is controlled by several factors such as soil temperature and 

moisture, total organic content, pH, soil type, and C/N ratio (Geisseler et al., 2010). As 

mentioned above the C/N ratio will determine if mineralization is a net source of N.  

Nitrification is a microbial oxidation process that converts NH4
+ to NO3

- as a means to 

extract chemical energy. This process occurs in two steps, the first is ammonia oxidation to 

nitrite by either chemolithic autotrophic ammonia oxidizing bacteria (AOB) or ammonia 

oxidizing archaea (AOA). The second step is by nitrite oxidizing bacteria (NOB) that oxidize 

nitrite into nitrate (Aleem et al., 1965; Andersson & Hooper, 1983; Hollocher, 1984; Kumar et 

al., 1983; Yoshinari & Wahlen, 1985a). The first step is performed by AOB or AOA (e.g. 

Nitrosomonas or Nitrosospira) where NH3 is oxidized to NO2
- by two redox reactions (Eq. 2A 

and 2B) (Andersson & Hooper, 1983). 

NH3 + O2 + 2H+ + 2e- ➔ NH2OH + H2O Eq. 2A 

NH2OH + H2O ➔ NO2
- + 5H+ + 4e- Eq. 2B 
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The second step is performed through NOB (e.g. Nitrobacter or Nitrospira) oxidizing NO2
- to 

NO3
- (Eq. 3) (Kumar et al., 1983; Xia et al., 2011). 

NO2
- + H2O ➔ NO3

- + H2O + 2H+ + 2e-  Eq. 3 

Step 1 is often the rate limiting step, hence NO2
- accumulation within soils is rare, and when it is 

observed, is believed to be the result of a decreased or suppressed NOB population (Norton & 

Stark, 2010; Venterea & Rolston, 2000). Nitrification produces 5 free H+ and can acidify soils 

when nitrification is intense such as in agricultural fields where NH3 fertilizers are applied. 

Denitrification is often viewed as the last step of the nitrogen cycle as bioavailable N is 

returned to the atmosphere as N2 by heterotrophic bacteria. Denitrification occurs under 

anaerobic conditions where NO3
- is used in the absence of O2 as a terminal electron acceptor 

during respiration (equation 4) (Martens, 2005). 

2NO3
- + 10 e- + 12H+ ➔ N2 + 6H2O Eq. 4 

However, incomplete denitrification can produce important atmospheric gases, N2O and NO, Eq. 

5A-D (Firestone & Davidson, 1989). 

NO3
- + 2H+ + 2e- ➔ NO2

- + H2O Eq. 5A 

NO2
- + 2H+ + e- ➔ NO + H2O Eq. 5B 

2NO + 2H+ + 2e- ➔ N2O + H2O Eq. 5C 

N2O + 2H+ + 2e- ➔ N2 + H2O Eq. 5D 

N2O is a greenhouse gas with 298 times the heat trapping ability of CO2, and is the main source 

of NOx in the stratosphere, which causes catalytic destruction of stratospheric ozone (Crutzen, 

1974). The NO by-product reacts in the troposphere, were it participates in the direct removal of 

1 troposphere ozone molecule and indirectly removes an additional ozone or hydroxide radical 

through a series of reactions, where the NO is ultimately oxidized to HNO3 or aerosol NO3
-. 
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Additionally, NO can react with volatile organic compounds (VOCs) in the troposphere 

ultimately producing ozone, a harmful compound to both plants and humans.  

Human activity has had a profound effect on the nitrogen cycle, more than doubling 

bioavailable terrestrial and marine nitrogen since the 1860s (Galloway et al., 2004). This increase 

is driven by both agricultural and industrial activity/energy production. Anthropogenic N 

increases in agriculture are due a growing world population which is reliant on industrial 

fertilizers and legume cultivations to satisfy nitrogen needs. Anthropogenic N inputs in 

agricultural are estimated to have increased by over 115 Tg N yr-1 globally since 1860 to a total 

of 131.5 Tg N yr-1. Industrial inputs, driven by energy demands of first world countries, are 

estimated to have increased by another 24 Tg N yr-1 globally since 1860 years (Galloway et al., 

2002, 2004; Kuypers et al., 2018). 

While anthropogenic N is necessary for supporting an increasing world population, it also 

has many negative environmental impacts, some of which are not completely understood. Most 

acute human health impacts from anthropogenic N are well known. For example, high 

concentration exposure to atmospheric NOx increases the risk of respiratory infections, while 

high consumption of nitrate in drinking water can cause methemoglobinemia (Powlson et al., 

2008). The effects from chronic nitrate exposure are still debated, particularly for nitrate 

consumption where studies have shown it leads digestive tract cancers (Schlesinger, 2009). Some 

environmental repercussions are evident and depend on the form of N. Excess addition of fixed 

N leads to the production of N2O by incomplete nitrification and denitrification that enhances 

global warming. NO3
- can leach from soils to waterways and causes eutrophication in both 

coastal waters and estuaries and the degradation of surface and ground waters (Selman et al., 

2008). The nitrogen cycle is complex, which makes tracking and tracing anthropogenic N 
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difficult. However, an understanding of this is critical, due to nitrogen importance to life and the 

detrimental environmental impact excessive nitrogen can cause. 

One of the objectives of this dissertation is to use stable isotopes to better understand 

nitrification. While the biochemical steps of nitrification are generally well understood many 

unknowns still exist. Currently most nitrification research is attempting to understand how it 

contributes to N pollution in the atmosphere through NO + N2O release and in aquatic and soil 

systems. Nitrification is often considered a negative process in soil systems because its 

transforms clay bound NH4
+ to easily leachable NO3

-. Research is focused on field conditions 

and applications (moisture, tillage, crop, forms of N etc.) and how management practice can be 

used to minimize the amount of nitrification. Nitrification inhibitors, such as 3-4-

dimethylpyrazole phosphate (DMPP) and dicyandiamide (DCA), are added during field 

application of NH3 to prevent or reduce the rate of nitrification within the field, because they 

prevent the initial ammonium oxidation step to NO2
-. Like denitrification, nitrification produces 

the reaction by-product N2O that can be released from the cell into the atmosphere. While the 

contribution of N2O from nitrification is often considered minor compared to denitrification, 

recent research using bacteria cultures have shown that N2O production by nitrifiers may be 

significate under proper conditions (Goreau et al., 1980; Linn & Doran, 1982; Moir, 2011). 

Research by Khalil et al (2004), demonstrated that over 1.5% of nitrified N will end up as N2O. 

Soil conditions not only effect the amount of nitrification but also effect how much of the 

intermediates, NO and N2O, are released to the atmosphere. For example, as water filled pore 

space (WFPS) increases from 0 to 50%, N2O production increases exponentially, but after 50% 

WFPS N2O from nitrification rapidly decreases and ceases at 70% WFPS (Bouwman, 1998). 

Additionally, with the discovery of new heterotrophic nitrifiers, such as Alcaligenes Faecalis, 
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research is needed to understand their contributions to nitrification. In Chapter 3 we will use 

stable isotopes to better understand nitrification within a Midwestern agricultural soil.  

The other major subject of this dissertation, in part, is to use stable isotopes to reduce the 

uncertainties in the denitrification part of the N cycle. Most research on denitrification has tried 

to quantify total denitrification, but this has proven difficult because denitrification depends on 

environmental factors, such as temperature, moisture, pH, and oxygen availability, which can 

have large spatial and temporal variability within a field (Hofstra & Bouwman, 2005; Woo & 

Kumar, 2017). This variability has led to a wide range of global estimates of denitrification from 

22 to 185 Tg N yr-1 (Bouwman et al., 2013; Hofstra & Bouwman, 2005; Tiedje, 1988). 

Additionally, denitrification at the field scale has shown large variability, ranging from 8 to 51 

kg N ha-1 (Hofstra & Bouwman, 2005). Much of this variability is due to denitrification “hot 

spots” and “hot moments” (Parkin, 1987) but can also be attributed to methods for measurement. 

For example, Hofstra & Bouwman (2005) compared four different methods, and found that the 

estimated denitrification rates could vary by more than 50%. In addition to loss of N by 

denitrification, production of the greenhouse gas N2O during denitrification and contributes to 

climate change. Denitrification is the primarily contributor of biogenic N2O and its contribution 

to the global N2O budget ranges from 4.3 to 5.8 Tg N yr-1(Crutzen et al., 2007; Davidson, 2009; 

Syakila et al., 2011) and much of this variability is driven by environmental conditions(Syakila 

et al., 2011), and research is needed to better understand the field conditions that influence N2O 

production over N2. In Chapter 4 we will use stable isotopes to better understand denitrification 

within a Midwestern agricultural soil. 

Nitrate pollution in surface and ground waters have a variety of N sources. The primarily 

sources are atmospheric deposition, sewage, manure, and fertilizers. Traditionally nitrogen 
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pollution in bodies of water and water ways were determined by land usage. This method is 

reliant on proper and accurate recording of land management, such as crop and fertilizer 

application or the raising of cattle or swine. However, this approach has proven difficult to 

properly source nitrate because not only is an accurate inventory difficult to determine but also 

all nitrogen compounds can be affected by physical, chemical, and biological processes during 

land to stream transport. These processes can alter the amount of nitrogen that reaches a water 

way. At the field scale multiple sources of nitrate are added, including large annual application 

of anhydrous ammonium to agricultural lands, steady continuous wet and dry deposition of N 

and N fixation by rhizobia bacteria. With many possible sources of nitrate and the amount of that 

is leached or uptake is highly variable on crops and climate patterns. Therefore, it can be difficult 

to accurately determine inputs and outputs of nitrate at the field scale. In Chapter 5 we will use 

stable isotopes to better understand sources of nitrate in discharge from a small Midwestern 

agricultural field growing corn. 

2.2 Stable Isotopes 

Stable isotope analysis is an established tool used to understand the sources, sinks, and 

transformation of elements within biogeochemical cycles, including the nitrogen cycle. 

Compounds with the same molecular formula but different isotopic mass are called 

isotopologues. For most elements, the natural abundance of the heavier isotope is usually 

extremely small compared to the lighter isotope (Table 2.2). These extremely small abundances 

of the minor (heavy) isotope make accurate absolute measurements difficult, and to avoid these 

difficulties the ratio (R) of the minor to major isotope abundances are measured. The small 

differences in the R’s in the sample and standard are reported in dimensionless per mille (‰) 

values, Eq.6. 
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𝛿(‰) = (
𝑅𝑆𝑎𝑚𝑝𝑙𝑒 − 𝑅𝑆𝑡𝑎𝑛𝑑𝑎𝑟𝑑

𝑅𝑆𝑡𝑎𝑛𝑑𝑎𝑟𝑑
)𝑋 1000 Eq. 6 

Where R refers to the atomic ratio of heavy/rare to light/common isotopes (e.g., 15N/14N), sample 

refers to the sample measured, and standard is the R value of the appropriate international 

standard (Table 2.2). 

Table 2-2 The rare and common stable isotope, its natural abundance, international standard, and 

atomic ratios of standards 

Isotope Atomic Ratio 

(Rare/Common) 

International Standard Abundance ratio in Standard 

𝐷

𝐻
 0.00015576  

Vienna Standard Mean Ocean 

Water (VSMOW) 

δ18O, δ17O, δD 

0.00015574

0.99984426
 

𝑂 
17

𝑂 16
 

0.000373 0.00037286

0.99962714
 

𝑂 
18

𝑂 16
 

0.00200520 0.00200119

0.99799881
 

𝐶 
13

𝐶 12
 

0.0112372 PeeDEE Belemnite (PDB) 

δ13C  

0.01111233

0.98888767
 

𝑁 
15

𝑁 14
 

0.0036765 Air N2 

δ15N 

0.00366303

0.99633697
 

𝑆 
34

𝑆 32
 

0.0450045  Canyon Diablo Troilite (CDT) 

δ34S 

0.04306632

0.95693368
 

 

The different reaction rate of one isotope over another in chemical, physical, and 

biological processes is quantified by an isotope fractionation factor (α). The α value is defined as 

the ratio of the reaction rates of individual isotopes (k), product and reactant isotope ratios (R), or 
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the isotope-specific equilibrium constants (K). For example, the α value for denitrification can be 

defined as Eq. 8A.  

𝑁𝑂3
−

 
15

𝑘 
15

→ 𝑁𝑂2
−

 
15  Eq. 7A 

𝑁𝑂3
−  

𝑘 
14

→ 𝑁𝑂2
−

 
14

 
14  Eq. 7B 

𝛼 = 
15𝑘

14𝑘
 =

𝑘𝐻

𝑘𝐿
 Eq. 8A 

Where the k’s are the rate constants of denitrification for each isotopologue. The α is always a 

ratio of the rate constants but the definition of the fractionation factor is arbitrary, either k can go 

into the numerator (or the denominator), and is defined differently between different fields of 

science. Physical chemists and biologist often define 𝛼 =
𝑘𝐿

𝑘𝐻
 , while geochemist and other Earth 

scientists typically define 𝛼 = 
𝑘𝐻

𝑘𝐿
, where L is the light isotope and H is the heavy isotope. This 

can cause considerable confusion when comparing literature α values if the reader is not careful 

to understand how the author defines α. For example, consider the first order kinetic reaction of 

N2O5 decomposition to NO2 and NO3. Here the reaction rate of the 14N isotopes (k14) is 6.220 x 

10-4, while the 15N reaction rate (k15) is 6.158 x 10-4. If these rates are plugged into the standard 

chemist convention a value of 1.010 is found while the geochemist convention produces a value 

of 0.990. Neither is an incorrect notation, and both suggest that the lighter isotope reacts faster, 

however if a reader is not careful they may misunderstand the finding of the author. Likewise, to 

avoid any unnecessary confusion an author needs to define α and remain consistent. Therefore, 

within this dissertation, to minimize confusion, α will be written using the common geochemist 

(Eq. 8b). 

𝛼𝐻−𝐿 = 
𝑘𝐻

𝑘𝐿
 =  

𝑅𝐴

𝑅𝐵
= 

𝛽𝐻

𝛽𝐿
 Eq. 8B 
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Often the α value is converted into per mille notation (‰) and is referred to as the isotope 

enrichment factor (ε) Eq. 9. 

εA-B (‰) = (αA-B – 1) *1000  Eq. 9 

This notation will be used throughout this dissertation for isotopic fractionation, unless otherwise 

noted, and will be referred to as either 15εA-B (for N isotopes) or 
18εA-B (for O isotopes), where A 

is the product and B is the reactant. Because ε is dependent on the α value, confusion can occur 

by lack of universal convention. For example, oxygen equilibrium exchange (discussed below) 

between H2O and NO2
- is often written as 18εex = 14‰, however without a definition of what is 

in the numerator and denominator, one cannot tell in which compound the 18O is accumulating. 

However, by using 18εNO2-H2O it is clear that the 18O accumulates in NO2
-, relative to H2O.  

There are two ways that isotopic fractionation is known to occur: kinetics and 

equilibrium. The first is the preference of a light isotopologue to react faster in unidirectional 

reactions and is called the kinetic isotopic effect (KIE). An example of this is denitrifying 

bacteria’s preferential use of the lighter 14N over the heavier 15N when reducing NO3
- to N2 

(Mariotti et al., 1981). The type of isotopic fractionation is equilibrium isotopic exchange (EIE). 

Here, no new chemical compounds are formed but instead kinetically favorable isotopic 

repositioning occurs between two isotopologues in equilibrium. An example of this is 18O 

exchange between nitrite and water: 14N16O16O + H2
18O ↔ 14N16O18O + H2

16O (Casciotti et al., 

2007). This isotope exchange reaction will be discussed in Chapter 3.  

2.3 Isotope Mixing Models 

When there are two or more sources of a compound, such as nitrate, in a mixed system 

(lake, river, soil) then isotope mixing models can be used determine what fraction of the 

compound that comes from each source. This approach requires that the δ value of each source is 
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isotopically known, distinct, and acts conservatively. These values are used as isotopic “end-

members” in isotope mixing models, that utilize δ15N, δ18O, and δD.  

The simplest isotope mixing model assumes two sources (Eq. 10A and 10B). For example, using 

δ18O to determine the relative contribution of two nitrate sources (e.g atmospheric and fertilizer) 

in a mixture 

Fatm + ffert = 1 Eq. 10A 

fatm * δ18Oatm + ffert * δ18Ofert = δ18Omix  Eq. 10B 

Where the fs are the molar (or mass) fractions of the two nitrate sources (atmospheric and 

fertilizer) and the δ18O are the δ18O values of the two nitrate sources. This two isotope mixing 

model is represented graphically in Figure 2-2. Equation 10A can be rearranged and substituted 

into equation 10B to give equation 10C, which can be used to solve for ffert (or fAtm). The known 

fraction can then be plug into Eq. 10A to solve for the unsolved fAtm (or ffert).  

Ffert =
δ18Omix−δ18Oatm 

δ18Ofert−δ18Oatm
 Eq. 10C 

Mixing models can also consist of 3 or more end-members (Eq. 11A). For a three-end 

member mixing model, two conservative tracers are needed (Eq. 11B & C), so a second isotope 

can be used, if it provides unique info about the sources. For example, a system containing three 

nitrate sources (e.g. fertilizer, atmospheric deposition, and soil N) the both 18O and 15N can be 

applied (Eq.11A-11C)   

fatm + ffert + fsoil = 1 Eq. 11A 

fatm * δ15Natm + ffert * δ15Nfert + fsoil * δ15Nsoil = δ15N mix  Eq. 11B 

fatm * δ18Oatm + ffert * δ18Ofert + fsoil * δ18Osoil = δ18Omix  Eq. 11C 

These three equations can be substituted into each to solve for one fraction through Eq. 11D. 

fatm = 
(δ15N𝑚𝑖𝑥−δ15N𝑠𝑜𝑖𝑙)(δ18O𝑓𝑒𝑟𝑡−δ18O𝑠𝑜𝑖𝑙)−(δ15N𝑓𝑒𝑟𝑡−δ15N𝑠𝑜𝑖𝑙)(δ18O𝑚𝑖𝑥−δ18O𝑠𝑜𝑖𝑙)

(δ15Natm−δ15N𝑠𝑜𝑖𝑙)(δ18O𝑓𝑒𝑟𝑡−δ18O𝑠𝑜𝑖𝑙)−(δ15N𝑓𝑒𝑟𝑡−δ15N𝑠𝑜𝑖𝑙)(δ18Oatm−δ18O𝑠𝑜𝑖𝑙)
  Eq. 11D 
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The second fraction can then be solved by Eq. 11E 

ffert = 
(δ15N𝑚𝑖𝑥−δ15N𝑠𝑜𝑖𝑙)−(δ15N𝑎𝑡𝑚−δ15N𝐶𝑠𝑜𝑖𝑙)

(δ15N𝑓𝑒𝑟𝑡−δ15N𝑠𝑜𝑖𝑙)−(δ15N𝑓𝑒𝑟𝑡−δ15N𝑠𝑜𝑖𝑙)
 𝑓𝑎𝑡𝑚 Eq. 11E 

The last fraction can then be solved through Eq. 11A using the two known fs, determined 

through Eq. 11D and 11E. Graphically this three component mixture of nitrate from three 

sources is represented graphically in Figure 2-2 and is often referred to as the dual isotope 

approach. An isotope mixing model is used to understand sources of nitrate (Chapter 3 and 

Chapter 6) in this dissertation. The dual isotope approach relies on each nitrate source having a 

unique range of δ15N and δ18O values. However, physical and microbial processes can create a 

range of δ values for each source, adding ambiguity, causing misinterpretation and error in 

source apportionment (Figure 2.2). These processes control or influence the observed δ15N and 

δ18O values of NO3
- (Table 2.3) (Figure 2.3). 
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Figure 2-2 Normal ranges of δ15N and δ18O of NO3
- from fertilizer, atmospheric deposition, and 

soil. The purple circle represents a two source nitrate mixture of nitrate from fertilizer and 

deposition. The length of the line away from a source represents the fraction contribution of one 

source relative to another. The red circle represents a three source mixing between fertilizer, 

atmospheric deposition, and soil NO3
-. The dashed triangle area represents the possible values 

for a mixture of fertilizer, atmospheric deposition, and soil NO3
-. The black arrow indicates the 

duel isotope enrichment that is caused by denitrification and indicates how isotopic enrichment 

by denitrification can be mistaken as source mixing.  

2.4 Isotope Effects on Production and Consumption of Nitrogen Compounds 

Isotope effects are observed in most physical and chemical reactions. When reactions are 

incomplete the δ value of the product will be different from the reactant. The difference between 

δ of the reactant and the instantaneous product is determined by the enrichment factor. 

Furthermore, for reactions that involve intermediate products [A ➔ B ➔ C] each step can have 
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an associated enrichment factor, causing the δ of A, B, and C to differ. During these processes 

the N fractions and the δ15N values can change, but the weighted average of δ15N throughout the 

system will remain the same, assuming no addition or loss of N from the system. These changes 

in δ15N are driven by the KIE and EIE described above. However, when the reaction has gone to 

completion, the δ15N of C will equal the initial δ15N of A.  

Table 2-3 Nitrogen and oxygen isotope enrichment factors of microbial and physical processes 

Process Reaction 15εA/B (‰) 18εA/B (‰) References 

Nitrate Reduction 

(Denitrification) 

NO3
- ➔ NO2

- -40 - -5 -32 - -5 (Delwiche & Steyn, 1970a; Granger et 

al., 2006; Granger & Wankel, 2016; 

Mariotti et al., 1981; Nikolenko et al., 

2018) 

Nitrite Reduction 

(Denitrification) 

NO2
- ➔ NO -20 - 0 -20 - 0 (Bryan et al., 1983; Casciotti, 2009) 

Nitrous Oxide 

Reduction 

(Denitrification) 

N2O ➔ N2 -10 - -5 * (Ostrom et al., 2007) 

Nitrogen Fixation N2 ➔ NOrg -2 - 2 * (Delwiche & Steyn, 1970a; Hoering 

& Ford, 1960) 

Mineralization Norg ➔ NH4
+ -1 - 0 * (Högberg, 1997) 

Ammonium Oxidation 

(Nitrification) 

NH4
+ ➔ NO2

- -38 - -14 -38 - -18 (Casciotti et al., 2010; Delwiche & 

Steyn, 1970a; Granger & Wankel, 

2016; Mariotti et al., 1981; Nikolenko 

et al., 2018) 

Nitrite Oxidation 

(nitrification) 

NO2
- 
➔ NO3

- 0 - 35  3 - 7 (Casciotti et al., 2010; Granger & 

Wankel, 2016) 
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Table 2-3 Continued 

Ammonia 

Volatilization 

NH3 ➔ NH4
+ 

 

-36 - -15 * (Högberg, 1997; Nikolenko et al., 

2018) 

Ammonium Ion 

Equilibrium 

NH4
+ ➔ NH3 

(solution) 

-27 - -20 * (Högberg, 1997) 

Industrial Fixation N2 ➔ NH3 0 * (Bateman & Kelly, 2007; Michalski et 

al., 2015) 

Lightning Fixation N2 ➔ NOx 0 † (Bateman & Kelly, 2007; Michalski et 

al., 2015) 

Clay 

absorption/desorption 

NH4
+ ➔ 

NH4
+(clay) 

 0 - 8 * (Delwiche & Steyn, 1970a; Högberg, 

1997) 

* Denotes that no oxygen is present in the compound  

† Denotes that the ε is not well understood 

 

Fixation, mineralization, and assimilation effect on δ15N are small and often assumed to 

be zero (Bergersen, 1986; Delwiche & Steyn, 1970a; Doughton et al., 1992; Hoering & Ford, 

1960; Högberg, 1997; Ledgard, 1989; Steele et al., 1983; Unkovich, 2013). These enrichment 

factors near zero mean the δ15N of the original compound is preserved during transformations 

(Högberg, 1997; Hogberg et al., 1996; Nadelhoffer & Fry, 1994). Although a few studies have 

observed both normal and inverse enrichment factors (enrichment were the heavier isotope is 

preferentially used) during fixation and mineralization, these are attributed to specific bacterial 

strains, nutrient sources, and environmental settings and are not applicable in a soil setting 

(Ledgard, 1989; Steele et al., 1983; Unkovich, 2013).  

Industrial fixation of N occurs through the Haber-Bosch process where N2 is fixed to NH3. 

This process occurs at high temperatures and pressures over an iron catalyst (Eq. 13), where 
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methane is used as a hydrogen source. Due to the extreme conditions and high efficiency of this 

process little to no isotope enrichment occurs (Bateman & Kelly, 2007; Michalski et al., 2015), 

N2 + 3H2➔ 2NH3 Eq. 13 

Likewise, during the oxidization of NH3 by O2 in HNO3 via the Ostwald process (Eq. 14) 

eliminates any 18O enrichment (Michalski et al., 2015).  

4NH3 + 7O2 ➔ 2HNO3 + 5H2O + NO2 + NO Eq. 14 

Atmospheric NO3
- is produced from oxidation of NOx (NO and NO2). The mechanisms 

of atmospheric oxidation are out of the scope of this dissertation. But in short, NOx oxidation 

proceeds through oxidation by HO2, ROO, O3, and OH (Rihn, 2013). These oxidation pathways 

control the observed δ18O of atmospheric nitrate which can range from 70 to +100‰ (Michalski 

et al., 2002). While δ15N is controlled by the source of NOx (e.g. lightening, agricultural, or fossil 

fuel combustion) is has a measured values that ranges from -45 to 10‰ (Elliott et al., 2007; 

Freyer, 1991; Hastings et al., 2003; Moore, 1977; Nadelhoffer & Fry, 1994). Eventually this 

nitrate will dissolve in rain and reach the soil through wet deposition as NO3
- or as a dry 

deposition aerosol as HNO3.  

The two steps of nitrification, ammonium oxidization by AOB/AOA and nitrite oxidation 

by NOB, both have a 15N enrichment factor. Ammonium oxidization has an 15N enrichment 

factor (15εNH4+/NO2-) that ranges between -38 and -14‰, while nitrite oxidation has an inverse KIE 

15N enrichment factor (15εNO2-/NO3-) that ranges between 0 and 35‰ (Delwiche & Steyn, 1970a; 

Granger & Wankel, 2016; Mariotti et al., 1981). Högberg (1997) proposed since nitrite oxidation 

is often not the rate limiting step in nitrification, the nitrite oxidation enrichment factor (15εNO2-

/NO3-) is often not expressed. Therefore, complete nitrification, from NH4
+ to NO3

-, should have a 

15N enrichment factor similar to ammonium oxidization. Indeed this is true as the 15N enrichment 
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of complete nitrification (15εNH4+/NO3-,) ranges from -36 to -15‰ (Högberg, 1997; Mariotti et al., 

1981). This wide range of fractionation values has been attributed to several causes including 

high N2O yields (Yoshida, 1988), accumulation of intermediates (Casciotti et al., 2003; Yoshida, 

1988), concentration of electron donors (Bryan et al., 1983), biodiversity (Casciotti et al., 2003) 

and environmental conditions (Mariotti 1981). The isotopic fractionation during nitrification is 

not often observed in nature. For example, in managed landscapes where ammonium is the 

primary source of N, large negative δ15N-NO3
- values are not often observed (Keller et al., 2008; 

Kellman, 2005; Kellman & Hillaire-Marcel, 2003; Ostrom et al., 1998; Smith & Kellman, 2011). 

The absence of very negative δ15N values has been suggested to be a result of rapid and complete 

conversion of all free NH4
+ in to NO3

- by bacteria (Kendall & Mcdonnell, 1998). Clay absorption 

of NH4
+ may also act as a sink, since positively charged NH4

+ bonds to soil clay particles 

(Karamanos & Rennie, 1978). The 15N enrichment factor of clay desorption (15εNH4+/ NH4+(clay)) 

has been measured to range from 0 - 8‰ (Delwiche & Steyn, 1970a; Högberg, 1997). Thus, 

desorption of NH4
+ from soils could alter observed δ15N of NO3

-, how much though will hinge 

on the amount of NH4
+ absorbed and the value of (15εNH4+/NH4+(clay)). This topic of nitrification 

isotopic enrichment is investigated in Chapter 3 of this dissertation. 

The δ18O of nitrate produced by nitrification will reflect the sources oxygen incorporated 

into NO3
- during ammonium oxidation, which is either H2O or O2. In the first step of nitrification, 

ammonium is oxidized to hydroxylamine by O2 (Equation 2A), followed by oxidation into NO2
- 

using H2O (Equation 2B) (Andersson & Hooper, 1983; Bothe et al., 2000; Zhang et al., 2012). 

During the second step, NOB oxidizes NO2
- into NO3

- using H2O as the oxygen source (Equation 

3) (Kumar et al., 1983; Xia et al., 2011). From this stoichiometry the final δ18O of NO3
- from 

nitrification can be theoretically calculated through Eq. 12 
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δ18ONO3
- = fH2O (δ18OH2O) + fO2 (δ

18OO2) Eq. 12 

Based on the stoichiometry the expected δ18O of nitrification can be calculated using fH2O = 0.66 

and fO2 = 0.33. (Aleem et al., 1965; Buchwald et al., 2012; Hollocher, 1984; Kumar et al., 1983; 

Yoshinari & Wahlen, 1985a). The δ18O value of O2 does not significantly vary spatially or 

temporally and is well constrained at 23.5‰ (Dole et al., 1954; Horibe et al., 2018; Kroopnick & 

Craig, 1972). On the other hand, the δ18O of soil water is highly variable due to the spatial and 

temporal variability of δ18O of precipitation (Gat, 1996, 1998). In order to calculate the δ18O of 

NO3
- produced by nitrification in a soil, the δ18O of the soil H2O must also be known. Besides 

needing to know the δ18O of soil H2O and O2, the value of δ18O can also be affected during each 

step of nitrification, because of the nitrification KIE (Casciotti et al., 2010; Granger & Wankel, 

2016). Adding to the ambiguity, nitrification studies have observed oxygen isotope exchange 

between NO2
- and H2O ( Buchwald & Casciotti, 2010; Casciotti et al., 2010; Kool et al., 2011). 

This would result in any initial δ18O signal of NO2
- generated during ammonium oxidation 

(equations 2A and 2B) being partially or completely masked and replaced by the δ18O of H2O, 

depending on the amount of exchange. For example, soil incubation experiments by Snider 

(2010) observed exchange up to 88%, while aquatic experiments by Casciotti (2010) observed 0 

to 25%. This dissertation investigates the kinetic and equilibrium isotope effects on δ15N and 

δ18O of nitrate from nitrification within soil in Chapter 3. 

Among all processes mentioned here, denitrification has been the most studied, yet many 

questions remain about the 15N and 18O enrichment factors (15εNO3-/N2 and 18ε NO3-/N2) and 15εNO3-

/N2 /
18εNO3-/N2

 ratios (Böhlke & Denver, 1995; Knöller et al., 2011; Mariotti et al., 1981, 1988; 

Osaka et al., 2018). Denitrification proceeds in two steps (nitrate reduction and nitrite reduction) 

with each step have its own 15N and 18O enrichment factor value. Nitrate reduction has reported 
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15ε NO3-/NO2 and 18ε NO3-/NO2
- values that range from -30 - -5‰ (Granger & Wankel, 2016; Mariotti 

et al., 1981) Nitrite reduction has reported 15εNO2-/N2  and 18εNO2-/N2  values ranging from -20 - 0‰ 

(Granger & Wankel, 2016). The 15εNO3-/N2 and 18εNO3-/ N2
 values of total denitrification (NO3

- ➔ 

N2) vary extensively from -40‰ to -5‰ and -32‰ to -5‰, respectively (Aravena & Robertson, 

1998; Blackmer & Bremner, 1977; Böttcher et al., 1990; Fukada et al., 2003; Gillam et al., 2008; 

Knöller et al., 2011; Mariotti, 1982; Mariotti et al., 1988; Osaka et al., 2018). This wide range of 

literature enrichment factor values for nitrate, nitrite, and total denitrification can be attributed to 

changes in temperature (Mariotti et al., 1981), denitrification rates (Mariotti et al., 1981), 

differences in soil type (Blackmer & Bremner, 1977), substrate concentration (Shearer & Kohl, 

1988), availability of electron donors (Bryan et al., 1983), and bacteria strains (Böttcher et al., 

1990; Bryan et al., 1983; Knöller et al., 2011; Macko, 1987). Additionally, their coinciding 

enrichments ratios (δ15N/δ18O) also vary from 0.5 to 3 (Aravena & Robertson, 1998; Granger et 

al., 2008; Knöller et al., 2011; Osaka et al., 2018). These discrepancies have been attributed to 

different bacteria strains, different metal centers, nitrite re-oxidation, equilibrium isotopic 

exchange between H2O and either nitrate or nitrite, and different environmental conditions 

including temperatures and concentrations of electron acceptors and donors (Casciotti et al., 

2010; Högberg, 1997; Osaka et al., 2018; Wunderlich et al., 2013). Regardless of the cause, 

isotopic enrichment via denitrification occur in both 15N and 18O and proceeds through a 

Rayleigh fractionation distillation (Kendall & Mcdonnell, 1998; Mariotti et al., 1981). This topic 

is further investigated in Chapter 4 of this dissertation. 
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Figure 2-3 All major sources, sinks and transformation of nitrogen in the nitrogen cycle. All 

forms and sources of nitrogen in soil are in black text and their δ15N and δ18O values in white 

text. Microbial processes are shown in yellow text and the isotopic enrichment of the process in 

light blue text. Sinks of N are shown in red text along with their corresponding enrichment in 

light blue text. See table 2-3 for references. 

2.5 Rayleigh Distillation 

Rayleigh distillation models are often used to predict partitioning of isotopologues based 

on their different vapor pressure or rate constants. The Rayleigh equations were originally 

derived in order to predict separation progress of two solutions with different vapor pressures 

during a distillation. This method can be applied isotopes in both open and closed systems (Gat 

& Gonfiantini, 1981). A closed liquid system is bidirectional, meaning the distillate can 

equilibrate with the original liquid. The isotope fractionation that occurs in a closed system is a 

function of the fraction of liquid remaining (Eq. 15). Where δE is the delta value of the product, 

δ0 is the delta value of the initial reactant, f is the fraction of reactant remaining, and ε is the 

enrichment factor. 
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δE = δ0 -(1-f)ε Eq. 15 

Open Rayleigh systems are unidirectional (Eq. 16) and the distillate never comes into 

equilibrium with the initial reservoir, because the vapor is removed from the system. This results 

in the δ value of the remaining liquid to increase exponentially (Figure 2-4). 

 

  

Figure 2-4 Isotopic change in δ18O of H2O in both a closed and an open Rayleigh system with an 

ε = -10. Lines A, B, and C are the observed curves in an open system where A is the remaining 

liquid, B is the instantaneous product vapor, and C is the accumulated vapor product. Lines D 

and E represent a closed Rayleigh system where D is the liquid reactant remaining and E is the 

equilibrated vapor product. Image modified from Gat and Gonfiantini (1981). 
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Denitrification is an example of an open system because the gas products are quickly lost to the 

atmosphere. Here, the enrichment value (ε) between the original reservoir and the instantaneous 

product never change. Thus, Eq. 16 can calculate the final isotopic value of the initial reservoir 

based on fraction loss of an open system. Eq. 16 can be manipulated to Eq. 17, allowing for the 

fraction lost to be calculated. 

δf = δ0 + ε ln f Eq. 16 

𝑓 =  𝑒
(𝛿𝑓−𝛿0)

𝜀  Eq. 17 

To apply this open Rayleigh model, the starting and final δ15N and δ18O values of NO3
- need to 

be determined and the 15εNO3-/N2 and 18εNO3-/N2 values of denitrification need to be known. A 

Rayleigh distillation to monitor and quantify the progress of a reaction is used in Chapter 5 of 

this dissertation to quantify field scale denitrification.  
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 DETERMINING THE 15N ENRICHMENT AND 

SOURCES OF OXYGEN IN NITRATE PRODUCED BY 

NITRIFICATION IN AN AGRICULTURAL SOIL 

3.1 Abstract 

Nitrification is a microbial process that occurs under aerobic conditions in soils and 

oxidizes NH4
+ to NO3

-. The stable isotopes of NO3
- (δ15N and δ18O) are frequently used to 

distinguish different sources of NO3
- in soils and marine environments, such as nitrification. The 

δ15N value of NO3
- derived from nitrification is often assumed to directly reflect the δ15N value 

of the NH4
+ source (manure, soil N, NH4

+ fertilizers). In contrast, the NO3
- δ18O value is often 

assumed to be proportional to the δ18O values of the sources of oxygen used during nitrification. 

Here we measured the isotope enrichment that occurs in 15N and the sources of oxygen in the 

final NO3
- product from nitrification in a Midwestern cultivated agricultural soil. This was 

evaluated by performing aerobic incubations of soil amended with high concentrations of 

ammonium mixed with isotopically variable H2O. Results showed that the enrichment factor of 

δ15N from nitrification is large. Additionally, during these incubations we found that the fraction 

of oxygen from H2O used during nitrification was consistently higher than the theoretical value 

of 0.66. The H2O fraction measured were 0.82, indicating isotope exchange between H2O and the 

nitrification intermediate NO2
- is rapid in agricultural soils amended with ammonium.  
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3.2 Introduction 

Nitrate is the main biologically available N source for plant uptake, yet it is often 

considered an undesirable form of nitrogen, because it readily leaches and can undergo 

denitrification, resulting in a loss of N from the biosphere. Nitrate’s high solubility means it can 

leach from soil and can pollute nearby bodies of water causing harm to both terrestrial and 

aquatic life (Sobota et al., 2015). Nitrate in drinking water has been linked to health risk 

including methemoglobinemia and cancer (Fewtrell, 2004; World Health Organization, 2011). 

This toxicity extends to livestock were elevated nitrate concentrations can be poisonous 

(Davidson et al., 2006; Michalski et al., 2010). Nitrate pollution of drinking water has been 

estimated to cost $19 billion while the impact on all freshwater systems is estimated at $78 

billion (Sobota et al., 2015). Furthermore, excess nitrate exported to coastal waters can cause 

eutrophication, reducing marine biodiversity and effecting commercially valuable fish (Yang et 

al., 2008). The cost of freshwater eutrophication in the US has been estimated at $2.2 billion 

annually (Dodds et al., 2009). These adverse impacts have led the United States Environmental 

Protection Agency (US-EPA) and the World Health Organization (WHO) to monitor and place 

limits on nitrate concentrations in potable waters. Nitrate pollution has several potential sources, 

which includes livestock, agriculture, air pollution, and sewage (Kendall & Mcdonnell, 1998) but 

distinguishing the relative importance of these sources in mixed systems can be difficult 

(Kellman & Hillaire-Marcel, 2003).  

Stable isotope analysis is a powerful forensic technique that can be used to determine the 

relative importance of various nitrate sources in mixed systems (Kendall & Mcdonnell, 1998). 

This technique uses variations in the abundance of stable isotopes of oxygen and nitrogen, 

contained in nitrate, that are often different depending on each nitrate source’s mechanism of 

production. For example, nitrate produced by NOx oxidation by ozone (Michalski et al., 2012) or 
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microbial nitrification (Högberg, 1997) will have different nitrogen (15R = 15N/14N) and oxygen 

(18R = 18O/16O) isotope ratios. The variation in these ratios (R) are small and measured relative to 

an accepted standard, and normally reported in delta notation in units of per mille where δ (‰) = 

[Rsample/Rstandard-1]*1000 (Kendall & Mcdonnell, 1998). The standard used to report δ15N values 

is with respect to air N2 (
15N/14N) and for δ18O values is with respect to Vienna Standard Mean 

Ocean Water (VSMOW) (18O/16O) (Bohlke & Coplen, 1995). Given that the δ values are often 

unique between nitrate from different sources, isotope mass balance mixing models are often 

used to determine the fraction contribution of each nitrate source in mixed systems (Kendall & 

Mcdonnell, 1998). For example, inorganic nitrate fertilizers have elevated δ18O values (23‰ ±3) 

due to their synthesis using O2, while nitrate from organic N has values closer to 0‰ (Bateman 

& Kelly, 2007; Kendall & Mcdonnell, 1998; Michalski et al., 2015). Both of these sources of 

nitrate are common in agricultural soils and if the δ15N value of NO3
- is measured, one can use 

isotope mass balance to determine their relative importance. This isotope mass balance technique 

has successfully been applied to source nitrate in soils, rivers, oceans, ground waters, and 

catchments (Böhlke et al., 2004; Böttcher et al., 1990; Chen et al., 2009; Cline & Kaplan, 1975; 

Fukada et al., 2003; Mariotti et al., 1988; Sebilo et al., 2006; Sigman et al., 2009; William, 1998). 

However, microbial processes such as nitrification can cause error when applying the isotope 

mass balance technique because the δ15N is not conservative (Kendall & Aravena, 2000)  

Nitrification is the microbial oxidation of ammonium that proceeds through several 

intermediates (NH4
+ ➔ NH2OH ➔ NO2

- ➔ NO3
-) (Johnson et al., 2005) and is the main source 

of NO3
- in nature (Galloway, 1998). Each step of nitrification is associated with a kinetic isotope 

effect (KIE), where the lighter isotope is preferentially used over the heavier isotope (Mariotti et 

al., 1981). Quantitatively KIE can be defined as, KIE =  = kH/kL where k is the nitrification rate 
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constant for heavy (H) and light (L) isotope and  is called the isotope fractionation factor. The 

isotope fractionation factor () is often described in a permil notation and is referred to as the 

enrichment factor (ε) via εA/B (‰) = (A/B – 1) * 1000, where A is product and B is reactant. In 

short, the KIE of nitrification causes an increase in δ15N value in the residual NH4
+ pool (reactant) 

while producing NO3
- (product) with a lower δ15N value, relative to the initial reactant.  

The observed enrichment factors of nitrification (15εNO3
-
/NH4

+ and 18εNO3
-
/H2O) will be 

composed of the cumulative enrichment caused by each step of nitrification (Eq. 1-3). 

NH3 + O2 + 2H+ + 2e-
➔ NH2OH + H2O Eq. 1 

NH2OH + H2O ➔ NO2
- + 5H+ + 4e- Eq. 2 

NO2
- + H2O ➔ NO3

- + 2H+ + 2e- Eq. 3 

Though it is written as three individual reactions, nitrification actually occurs through a 2 step 

processes using two different bacteria/Archaea. The first step is oxidation of ammonia to nitrite 

(Eq. 1 and 2) that is facilitated by either ammonia-oxidizing bacteria (AOB) or ammonia 

oxidizing Archaea (AOA). In this first step, NH3 is oxidized to NH2OH using O2 through the 

ammonia monooxygenase enzyme (AMO) (Andersson & Hooper, 1983; Bothe et al., 2000; 

Zhang et al., 2012). NH2OH is subsequently oxidized by H2O to NO2
- (equation 2) via the 

hydroxylamine oxidoreductase enzyme (HAO) (Bothe et al., 2000). The NO2
- is then released by 

the AOB/AOA and taken up by nitrite oxidizing bacteria (NOB) that oxidizes NO2
- into NO3

- 

using H2O via the nitrite oxidizing reductase (NOR) enzyme (equation 3) (Kumar et al., 1983; 

Xia et al., 2011). 

If each reaction in a series has an associated isotopic fraction factor, then each subsequent 

product will be isotopically lighter relative to the reactant. For example, the NO2
- product formed 

during the first step of nitrification (Eq. 1 and 2) will be lighter than the NH4
+ reactant, and the 
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subsequent NO3
- product formed during the second step (Eq. 3) will be isotopically lighter than 

the NO2
- reactant. However, during nitrification this is may not always be the case, because the 

first step of nitrification, oxidation of NH4
+ to NO2

-, is rate-determining (Högberg, 1997). During 

a series of reactions, the isotopic fraction during the rate limiting step will determine the net 

overall isotopic fractionation. Therefore, in nitrification the first step (Eq. 1 and 2) is the only 

expressed isotopic enrichment, and any isotopic enrichment during step two (Eq. 3) is not 

expressed. The absence of the expressed isotopic fraction in subsequent reaction is due to the 

lack of intermediate product, because it is completely consumed and thus the isotopic 

composition of that intermediate is completely transformed to the product. Consequently, in 

nitrification where no intermediate product forms 15εNO3
-
/NH4

+ = 15εNO2
-
/NH4

+, which ranges from -

12 to -38‰ (Casciotti et al., 2003; Delwiche & Steyn, 1970b; Högberg, 1997; Nikolenko et al., 

2018). This large range of 15ε values has been attributed to both various bacteria species, that 

have different isotopic selectivity, and environmental conditions (Casciotti et al., 2003; Mariotti 

et al., 1981). The 15εNO3
-
/NH4

+ usually causes the δ15N values of the initial NO3
- product to be 

lower relative to the NH4
+ reactant. As the conversion of the ammonium pool goes to completion, 

the δ15N values of the NO3
- will continue to increase until the δ15N of the NO3

- pool equals the 

original δ15N of ammonium (Feigin et al., 1974; Kendall & Aravena, 2000). This progressive 

change in δ15N values of NO3
- (and NH4

+) can be predicted using a Rayleigh distillation model 

(Eq.4):  

δ15Nf = δ15N0 + 15εNO3
-
/NH4

+ ln f(t) Eq. 4 

Where δ15Nf is the δ15N value of the remaining (final) NH4
+ after some fraction has been lost to 

nitrification, δ15N0 is the δ15N value of the initial NH4
+, 15εNO3

-
/NH4

+ (‰) is the nitrification 15N 

enrichment factor ((α-1)*1000), and f(t) is the fraction of the initial NH4
+ remaining in the soil at 
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any time t. However, to apply this method the enrichment factor (15εNO3
-
/NH4

+) must be known 

and constant. Thus, an understanding of 15εNO3
-
/NH4

+ is critical for proper modeling and 

understanding of isotopic data, such as the change in δ15N of NH4
+ or NO3

- in agricultural soils 

(Chapter 4 in this dissertation).  

The δ18O value of nitrate generated by nitrification, regardless of whether the NH4
+ is 

derived from soil N, manure, or ammonium fertilizer, will be similar because each undergoes the 

same oxidative pathway. The observed δ18O value for nitrification depends on the source of the 

oxygen atoms added to NH4
+, during nitrification and their respective δ18O values. As noted 

above the stoichiometry suggests that the two-steps of the nitrification process adds three oxygen 

atoms to NH4
+ from either H2O or O2 (Eq. 1, 2, and 3) (Aleem et al., 1965; Andersson & Hooper, 

1983; Hollocher, 1984; Kumar et al., 1983; Yoshinari & Wahlen, 1985a). From a stable oxygen 

isotope perspective, nitrate produced via nitrification should have an a 18O value that follows  

δ18O-NO3
- = fH2O*δ18O-H2O + fO2*δ18O-O2 + 18εnit Eq. 5 

Where f is the mole fraction of O atoms from each oxidant (O2 and H2O) incorporated into the 

final NO3
- product and 18nit is the sum of all enrichment factors from the three oxidative steps of 

nitrification (Eq.1-3). Based on the stoichiometry in Eq.1-3, the expected f values are fH2O = 0.66 

and fO2 = 0.33 and many studies have found this prediction to hold true (Aleem et al., 1965; 

Buchwald et al., 2012; Hollocher, 1984; Kumar et al., 1983; Yoshinari & Wahlen, 1985a). 

However, other studies have observed fH2O values greater than 0.66 (Buchwald et al., 2012; 

Casciotti et al., 2007; Snider et al., 2009, 2010).  

These larger fH2O values have been attributed to oxygen isotopic exchange between H2O 

and NO2
- (Buchwald & Casciotti, 2010; Sigman et al., 2009; Snider et al., 2010). Isotopic 

exchange of 18O between H2O and NO2
- is an equilibrium isotope effect (EIE) denoted by 
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((18R1/
18R2) – 1) * 1000 (where 18R1 and 18R2 is the oxygen isotope ratio of the two compounds in 

isotope equilibrium) and for the exchange between H2O and NO2
- is: 

H2
18O + N16O2 ➔ N18O16O + H2

16O Eq. 6 

Due to the large molar amount of H2O relative to NO2
- in a cell, complete isotope exchange 

would eliminate the δ18O signal from O2 that was initially incorporated into NH2OH during NH4
+ 

oxidation (equation 1). Therefore, oxygen isotope exchange between H2O and NO2
- would cause 

the δ18O value of nitrate to be lower than that calculated using equation 4, since the initial O 

atom derived from O2 (
18O = +23‰) is lost. As a result, the 18O value of NO2

- produced by 

AOB/AOA (Eq.1 and 2) would be 

δ18O-NO3
- = 2/3(δ18O-H2O + 18εEx) + 1/3 (δ18O-H2O + 18εH2O-2) Eq. 7 

Where, 18εH2O-2 is the enrichment factor of H2O by NOB during NO2
- oxidation and the 18εNO2-H2O 

is EIE (where we have defined 18εNO2-H2O = 18RNO2
-
 /

18RH2O), which has been measured at ~ 

+14‰ at 21°C (Casciotti et al., 2007). The δ18O value of H2O used during soil nitrification will 

reflect the δ18O value of precipitation, which in the United States typically spans -24 to 0‰ and 

rarely exceeds +5‰ (Vachon et al., 2010). This suggests that in soil nitrate found in the United 

States should have a δ18O values that range between -10 and +14‰ (assuming complete isotope 

equilibration with H2O).  

 Oxygen EIE has been observed in culture, marine, and soil environments. In an 

experiment using cultures of marine nitrifiers. Casciotti (2010) observed NO2
--H2O exchanged 

between 1 to 25%, while Buchwald and Casciotti (2010) observed less than 3% during nitrite 

oxidation. Sigman et al. (2009) evaluated the δ18O-NO3
- in the ocean using a multi-box model 

and suggested O exchange of at least 50%. In acidic forest soil incubations Mayer et al, (2001) 

observed no exchange of H2O 18O in NO3
- and even observed fH2O below the expected 0.66 value. 
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In contrast, an incubation study using agricultural and temperate forest soils by Snider et al. 

(2010) determined that between 37 to 88% of the O atoms in nitrate had equilibrated with water. 

Thus, there remains considerable debate about the degree and causality of the NO2
-- H2O oxygen 

isotope exchange in soil and aquatic systems. 

Thus, this study has two goals, first to investigate the 15εNO3
-
/NH4

+ during nitrification 

occurring within an agricultural soil typical of the Midwestern United States. The 15εNO3
-
/NH4

+ 

may cause error in the source appointment of nitrate from nitrification, particular in 

environments where large amounts of NH4
+ are added such as agricultural soils. Second, to 

determine the source of oxygen atoms in nitrate formed via nitrification and test the hypothesis 

based on the biogeochemical steps of nitrification that ⅔ of oxygen are derived from H2O and ⅓ 

from O2.  

3.3 Materials and Methods 

3.3.1 Nitrification Incubations 

Table 3-1 Experiment conditions used throughout incubations 

Incubation 

# 

Growth 

Solution 

Shaken NH4
+ 

Concentration 

(M) 

NH4
+ 

Concentration 

(μMol/g soil) 

δ18O-H2O 

1-8⁂ Yes Yes 0.001 to 0.0027 66.67 to 180.0 Millipore (-7.10‰) 
9-16 Yes Yes 0.001 66.67 Light (-29.52‰) 
17-20 Yes Yes 0.001 66.67 Heavy (16.14‰) 
21 Yes No 0.001 66.67 Light (-29.52‰) 
22 Yes No 0.001 66.67 Millipore (-7.10‰) 
23 No No 0.00 0.00 Millipore (-7.10‰) 
24 No No 0.00 0.00 Light (-29.52‰) 
25-26 No Yes 0.00 0.00 Millipore (-7.10‰) 
27-28 No Yes 0.00 0.00 Light (-29.52‰) 
29-30 No Yes 0.00 0.00 Heavy (16.14‰) 
⁂concentrations increased due to addition of nutrient solution after sampling 
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Soil was collected during the summer of 2014 from the Purdue Agronomy Center for 

Research and Education (ACRE) Farm (GPS coordinates 40.470453, -86.992614). The soil at 

this location is classified as Dummer series (USDA 2017) and was cropped with maize. The top 

portion of the soil (0-10 cm) was collected and oven dried at 30°C for seven days, the soil was 

then homogenized with a mortar and pestle and sieved to 2mm. The pH of soils collected from 

this location range from 6.0 to 6.5 (USDA, 2016). 

30 incubations (Table 3-1) were performed to determine the 15εNO3
-
/NH4

+and the origin of 

the oxidant used during nitrification. The 15εNO3
-
/NH4

+ was evaluated by adding NH4
+ in excess 

and measuring the δ15N of the NO3
- product (see equation 8 below). The source of oxygen atoms 

in the final NO3
- product were determined by using three isotopically different waters (light, 

Millipore, and heavy), each with a distinct δ18O values and measuring the δ18O of the NO3
- 

product (Table 3-2). Sampling was performed at various times throughout the experiment and 

will be referred to as tx, where x is the time (hours) after beginning the incubation.  

1.3.2 Determination of nitrification rate and incubation length 

Initial time trial incubations were performed to determine the amount of time required to 

generate enough NO3
- for isotope analysis and for new nitrification NO3

- to exceed the initial 

NO3
- present in the soil. An aqueous nutrient solution was prepared by adding 0.410g KH2PO4, 

0.216g K2HPO4, and 0.535g NH4Cl into 1L of Millipore H2O to give final concentrations of 

0.004M PO4
-3 and 0.010M NH4

+. Then 15.1 ± 0.12g of soil was then weighed and added into an 

Erlenmeyer flask (250mL) followed by 100 mL ± 0.05 of Millipore H2O. The soil and water 

mixtures were then place on a wrist shaker (Burrell Model 75) at 30 rpm. After 10 minutes a t0 

sample (10mL ± 0.05) was withdrawn from each flask using a glass pipette and vacuumed 

filtered (0.45µm mixed ester cellulose filter (MilliporeSigma). The 10mL removed from the t0 
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sample was then replaced with 10mL of the nutrient solution. After each of other sampling times 

the removed volumes were replaced by 10mL of nutrient solution. Incubations samples were 

collected at t24, t48, t72, and t144 and analyzed by ion chromatography (IC) analysis to determine 

the NO3
- concentration as a function of time. From this it was determined that after 72 hours 

there was sufficient NO3
- for concentration and isotope analysis and for NO3

- from nitrification 

to exceeds initial NO3
- in the soils. By t72 NO3

- from nitrification made up at least 87% of NO3
-. 

Therefore, in the subsequent incubations (trails 9-24) samples were only drawn at t0 and t72. 

Control samples (trails 25-30) were also ran during these trails and they did not receive any 

nutrient solution to evaluate the contribution of NO3
- by mineralization and nitrification of 

organic N.  

 

1.3.3 Experiments to determine the 15εNO3
-
/NH4

+ and oxidant used during nitrification 

Identical nutrient solutions were prepared using two isotopically different waters, light 

and heavy (Table 3-2). Incubation experiments were run using all three nutrient solutions and 

followed the same procedure as above, but samples were only drawn at t0 and t72. Control 

samples were also ran which consisted of samples that received either no nutrients or were not 

shaken (trails 23-24), These controls were designed to measure the rate of mineralization and 

subsequent nitrification in aerobic soils, and the non-shaken incubations with nutrient solutions 

(trails 21 -22) to examine the effect of nitrification in anaerobic soils. 

The δ18O values of H2O used in the incubations were measured using a Los Gatos 

Research, Inc. (LGR) Liquid Water Isotope Analyzer (LWIA) at the Purdue Stable Isotope (PSI) 

Lab (Berman et al., 2013; Wassenaar et al., 2016). The δ15N and δ18O values of NO3
- were 

measured at the PSI lab using the bacteria denitrifying method interfaced to a Thermo Delta V 
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isotope ratio mass spectrometer (IRMS) (Casciotti et al., 2002) (precision = ± 0.5‰ for δ15N and 

0.7‰ for δ18O). The δ15N of NH4
+ from NH4Cl was determined using standard methods on a 

Sercon 20-22 IRMS paired to a Sercon EA-CN 1 elemental analyzer (precision = ± 0.3‰ for 

δ15N). Ion concentrations were determined by a Dionex DX-500 ion chromatography at the PSI 

lab. The NO3
- per gram of soil was calculated by Eq 8. 

𝜇𝑔 𝑜𝑓 𝑁 − 𝑁𝑂3 𝑔 𝑠𝑜𝑖𝑙
−1  =

 𝑐𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑡𝑖𝑜𝑛 𝑜𝑓 𝑚𝑔 𝑁 𝐿−1 ∗ 𝑣𝑜𝑙𝑢𝑚𝑒 𝐿 ∗1000
𝜇𝑔

𝑚𝑔

𝑔𝑟𝑎𝑚𝑠 𝑜𝑓 𝑠𝑜𝑖𝑙
 Eq. 8 

Where mg NO3
- L-1 is the concentration of NO3

- measured by the IC, volume L is the total 

amount of liquid added to the soil incubations (0.1L), and grams of soil is the total amount of soil 

used in each incubation (15g). 

Table 3-2 δ18O Values of various H2O and O2 used in Experiments 

 δ18O-H2O 

Sample t0 t72 

Millipore Water -7.10‰ -7.06‰ 

Millipore Water with Growth Solution -6.90‰ -6.98‰ 

Heavy Water with Growth Solution 16.14‰ N/A 

Light Water with Growth Solution -29.52‰ -30.27‰ 

 δ18O-O2 

Sample  t0 

Atmospheric Air  23.5‰ 

δ18O-H2O of heavy water was not measured at t72 

3.4 Results 

The nitrate concentration increased exponentially from 2.2 ± 0.5 μg N g soil-1 at t0 to 16.1 

± 1.3 μg N g soil-1 by t72 (Figure 3-1). The total nitrification rate between t0 and t72 was 0.19 μg N 

g soil-1 h-1, and a first order nitrification rate constant of 0.029 hr-1. Control experiments showed 

that the mineralization of soil N and subsequent nitrification could generate nitrate 

concentrations as great as 10.0 ± 1.6 μg N g soil-1. The NO3
- concentration after each sampling 

period was used to calculate the fraction of NH4
+ that was oxidized, assuming all NO3

- was 
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derived from the NH4
+ amendment. Only 0.1% of NH4

+ was converted to NO3
- by t24, 0.2% by 

t48, and 0.5% at t72in trails 1-8, and 1.9% at t72 in trials 9-22. No nitrite was detected within any 

of the samples. The NO3
- δ15N values (δ15N-NO3

-) at t0, 3.34‰ ± 13.56, had a large standard 

deviation and low NO3
- concentrations (2.2 ± 0.5 μg N g soil-1). As nitrate concentrations 

increased over time, the δ15N-NO3
- values decreased to a value of -25.5‰ ± 1.92 at t72. After t72 

the δ15N-NO3
- values no longer decreased regardless of increasing NO3

- concentrations (Figure 

3-2). Based on the consistent δ15N of NO3
- throughout all incubations using various δ18O H2O, 

the δ18O value of H2O (δ18O-H2O) had no observable effect on the δ15N-NO3
- value. Similar to 

the initial δ15N-NO3
-values, the t0 initial δ18O values of NO3

- (δ18O-NO3
-) were highly variable at 

13.80‰ ± 11.72. However, unlike δ15N the final δ18O-NO3
- at t72 had a strong dependence on the 

δ18O-H2O: -10.76‰ ± 2.5 for Millipore H2O (δ18O-H2O = -7.1‰), -29.23‰ ± 2.00 for light H2O 

(δ18O-H2O = -29.5‰), and 9.06‰ ± 3.18 for heavy H2O (δ18O-H2O = 16.1‰). 
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Figure 3-1 NO3

- accumulation over time during nitrification and control incubations. 

3.5 Discussion 

3.5.1 Nitrification Rates 

Overall the linear regression of nitrate concentration with time gives a nitrification rate of 

0.19 μg N g soil-1 h-1. This rate is in agreeance with results by Snider et al., (2010) who measured 

a nitrification rate of 0.25 μg N g soil-1 h-1, but greater than results by Nicol & Prosser, (2010) 

who determined a rate of 0.032 μg N g soil-1 h-1. Nitrification often increases NO3
- with time 

within soils following a sigmoidal curve (Ghaly & Ramakrishnan, 2013). This curve often begins 

with a delay period as the bacteria population increases then reaching a maximum rate followed 

by termination phase as NH4
+ concentrations diminish (Sabey et al 1969; Addiscott 1983). Based 
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on the exponential increase in concentration and the short incubation time scales our incubations 

were in the delay period throughout incubations. Nitrification has often been described and 

modeled by both zero and first order kinetics. In biological reactions the discrepancy between 

zero order and first order reactions rates can often be explained by Michaelis-Menten kinetics Eq. 

9 that changes reaction order depending on substrate and enzyme concentrations (Charley et al., 

1979; Hagopian & Riley, 1998).  

V = Vmax * (S/Km+S) Eq. 9 

Where V is the rate of the reaction, Vmax is the maximum rate of the reaction, S is the 

substrate, and Km is the saturation constant equal to the substrates concentration at 0.5 Vmax. In 

short when substrate concentrations are high the V = Vmax and follows a zero-order kinetics and 

when substrate concentration are low V = Vmax * (S/Km) resulting in a first order kinetics with 

respect to the substrate.  
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Figure 3-2 The change in δ15N in incubations over time as NO3

- from nitrification becomes a 

greater fraction of the total nitrate.  

 

3.5.2 15N Enrichment Factor of Nitrification 

The exponential decrease in the δ15N value of NO3
- over incubation time indicates that 

nitrification discriminated against 15NH4
+. This agrees with other studies that found nitrification 

proceeds through a normal KIE, where the lower mass isotope preferentially reacts producing an 

isotopically lighter product (NO3
-) relative to the reactant (NH4

+) (Kendall & Aravena, 2000; 

Mariotti et al., 1981). The dynamics of the KIE can usually be reproduced using a standard 

Rayleigh distillation model, which is a function of the 15εNO3
-
/NH4

+ value and can be determined 

using Eq. 4. 
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Where δ15Nf is the final δ15N values of NH4
+ at t72, δ

15N0 is the initial δ15N value of NH4
+ at t0, f 

is the fraction reactant remaining at tf, and 15εNO3
-
/NH4

+ is the isotope enrichment factor. Usually 

the 15εNO3
-
/NH4

+ value would be determined by the slope of the linear relationship of δ15N vs. the 

natural logarithm of the fraction of remaining total reactant (Mariotti et al., 1981). However, here 

excess NH4
+ with a known δ15N value was added. Measuring the δ15N of the instantaneous NO3

- 

product at time t (Eq. 10)  

𝛿15𝑁𝑂3
−(𝑡) =  𝛿15𝑁𝐻4

+ − 𝜀NO3−/NH4+
15 𝑓(𝑡)ln [𝑓(𝑡)]

1−𝑓(𝑡)
 Eq. 10 

Where 15ε NO3
-
/NH4

+ is the nitrification enrichment factor, f(t) is the fraction of substrate 

remaining at time t, δ15NH4
+ is the δ15N of the substrate, and δ15NO3

- is the δ15N of the product. 

In a system where the substrate is “unlimited” the isotopic enrichment in the reactant does not 

occurs as the reactant is converted to the product. Thus, if f is close to 1 than Eq. 10 is reduced to 

Eq. 11 

 𝜀NO3−/NH4+
15 = 𝛿15𝑁𝐻4

+ − 𝛿15𝑁𝑂3
−(𝑡) Eq. 11 

In these incubations f(t) values were lower than 0.02 (or 2% of NH4
+ was used, therefore the 

15εNO3
-
/NH4

+ was determine using Eq. 11 and the measured δ15N values of the initial NH4
+ and 

final NO3
-.  

The 15εNO3-/NH4+ value was determined to be -25.46‰ ± 1.92, which falls within the 

middle range of values previously observed in soil studies that range from -35 to -5‰. Delwiche 

& Steyn (1970) measured between -29 and -12‰, Yun et al., (2011) measured between -35 and -

15‰, Yun & Ro, (2014) measured -31 to -25‰, and Mariotti et al (1981) observed values 

between -35 to -5‰ in soils. Bacteria cultures studies have found 15εNO3
-
/NH4

+ values that range 

from -38 to -10‰, as Yoshida (1988) found values of -32 to -25‰, Casciotti et al, (2003) 

measured values between -38 to -14‰, and Santoro & Casciotti, (2011) measured values 
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between -37 to -10‰. This wide range of fractionation values has been attributed to several 

causes including high N2O yields (Yoshida, 1988), accumulation of intermediates (Casciotti et 

al., 2003; Yoshida, 1988), concentration of electron donors (Bryan et al., 1983), biodiversity 

(Casciotti et al., 2003) and environmental conditions (Mariotti 1981). 

Control samples demonstrated that mineralization and subsequent nitrification could 

potentially contribute up to 80% of NO3
- in some incubations. However, this is unlikely since 

mineralization rates decrease when excess N is available (Hart et al., 1994; Luxhøi et al., 2008). 

If all NO3
- produced in incubations did indeed come from mineralization it would only alter the 

observed δ15N by less than 2‰. The δ15N of the soil differed from the δ15N of the applied NH4
+ 

salts by 1.8‰ (Table 3-3). The process of mineralization (organic N → NH4
+) has an 

15εNH4
+

/organic N that is <1‰, therefore the 15N of NH4
+ from mineralization is expected to be 

equivalent to the δ15N of the soil N at 1.54 ± 0.3‰ (Högberg, 1997; Kendall et al., 2000). Thus, 

while unlikely, mineralization could cause the observed 15εNO3
-
/NH4

+ to be lower by 2‰ and likely 

contributes to some of the observed standard deviation in 15εNO3
-
/NH4

+.  

To determine the influence from initial δ15N-NO3
- values on the final δ15N-NO3

- values a 

mixing model was performed between initial NO3
- concentrations and final NO3

- concentrations 

at t72. Mixing models, are used to determine the degree of mixing or fraction composition of 

various sources in a mixed pool and in our system can be defined by Eq. 12 

δ15N(NO3
-) = f(t) δ

15N(t) + f (t=0) δ
15N(t=0) Eq. 12 

Where δ15N(NO3
-) is the observed δ15N of NO3

-, f(t) is the fraction of nitrate from nitrification at 

some time (t = 72hr), and δ15Nt is the δ15N value of NO3
- and time t. This approach requires that 

each isotopic end-member (source) value is known, distinct, and acts conservatively. Initial NO3
- 

concentrations were 2.2 ± 0.5 μg N g soil-1 and final NO3
- concentrations measured 16.1 ± 1.3 μg 
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N g soil-1. The initial NO3
- concentration could influence the final observed δ15N(NO3

-) value, 

since f(t=0) was as high as 0.13. If the average measured initial δ15N(NO3
-) value of 3.34‰ is used, 

which falls in the upper range of soil N δ15N values of -5 to 5‰ (Kendall & Aravena, 2000), we 

find that initial nitrate can account for up to ± 2.8‰ of the variability in incubations. Thus, the 

variability in 15εNO3-/NH4+ +/- 1.92‰ was most likely caused by the presence of initial NO3
-, and 

from NO3
- from mineralization and subsequent nitrification. 

Table 3-3 NH4
+ and initial and final NO3

- δ15N values of nitrification experiments 

Initial δ15N-NO3
- 3.34 ± 13.6‰† 

δ15N of Soil 1.54 ± 0.3‰ 

δ15N-NH4
+ -0.32 ± 0.09‰ 

Final δ15N-NO3
- -25.46 ± 1.92‰ 

15εNO3
-
/NH4

+ - -25.14 ± 2.01‰ 

†Initial δ15N-NO3
- values have a large range of values due to low initial NO3

- concentrations  

3.5.3 Sources of 18O incorporated into NO3
- during nitrification 

The δ18O of NO3
- (δ18O-NO3

-) from nitrification at the end of incubations was strongly 

correlated (R2>0.999) with the δ18O of H2O (δ18O-H2O). This indicates that oxygen atoms from 

H2O was a major source of oxygen in NO3
- produced via nitrification. The fraction of oxygen 

contributed by H2O to NO3
- was related to the slope of the linear regression plot of δ18O-H2O vs 

δ18O-NO3
- (Fig. 3-3). The fraction of oxygen in NO3

- derived from water averaged 0.82 (Figure 

3-3 black squares). These fractions are greater than the fraction of 0.67 predicted by Andersson 

& Hooper, (1983) and Kumar et al., (1983) (Figure 3-3 red circles).  

Fractions of oxygen derived from H2O that are greater than 0.67 in microbial NO3
- have 

been attributed to oxygen EIE between NO2
- and H2O (Granger & Wankel, 2016; Kool et al., 

2010; Kool, Wrage, et al., 2007; Snider et al., 2010). Studies have shown that EIE of oxygen can 

occur during either nitrification or denitrification when the NO2
- intermediate is produced 

(Casciotti et al., 2010; Granger et al., 2008; Kool, Wrage, et al., 2007) and has been shown to 
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occur in both marine and terrestrial environments (Granger & Wankel, 2016; Mayer et al., 2001; 

Sigman et al., 2009; Snider et al., 2010). Exchange in marine environments has been measured to 

range from 0 to 50%, while exchange in soils have range from 0 to 88% (Granger & Wankel, 

2016; Mayer et al., 2001; Sigman et al., 2009; Snider et al., 2010).  

The degree of exchange depends on the rate of isotope exchange and the lifetime of NO2
-. 

The lifetime of NO2
- is considered to be the time from when it is formed by AOB or AOA to the 

time when it is oxidized by NOB. Snider et al (2010) found an inverse relation between net 

nitrification rates and NO2
--H2O oxygen isotope exchange, suggesting the longer the life time of 

NO2
- the greater the amount of EIE. It is difficult to put a constraint on the life time of NO2

- 

because it was below the limits of detection throughout incubations, however because of this its 

oxidation by NOB had to be faster than the oxidation rate of NH4
+ by AOB or AOA, which was 

measured at 0.19 μg N g soil-1 h-1. Due to this rapid rate of NO2
- oxidation, the rate of isotope 

exchange must have been faster than the rate of nitrite consumption by NOB to explain the 

observed EIE of 48%. 

Oxygen isotope exchange rate is a pH dependent process occurring most rapidly at low 

pH’s. Studies have found that over 21 days oxygen EIE between H2O and NO2
- increases from 

0.5% at pH 12 to 5% at pH 10 to as high as 30% at a pH 6 (Casciotti & McIlvin, 2007). The 

estimated pH of our soils, calculated using NH4
+ molarity, was 6.12 but could be as high as 7.8, 

because the pH of Drummer series soils can range from 6.6 to 7.8, so the rate of oxygen isotope 

exchange should have been slow relative to incubation times. Indeed, Casciotti et al., (2007) 

found that at these pHs only 10 to 30% of the NO2
- oxygen had exchanged with water after three 

weeks. Using this calculated pH with the data from Casciotti et al (2007) the EIE rate would be 

0.06% hr-1, therefore we would expect approximately 1.5% exchange in the nitrification 
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incubations over three days. But this was an inorganic NO2
--H2O isotope exchange without any 

enzyme activity. It has been suggested that NO2
--H2O isotope exchange could occur within the 

bacteria, either before the NO2
- is expelled by AOB/AOA or before it is oxidized after uptake by 

NOB (Granger & Wankel, 2016; Kool, Wrage, et al., 2011; Snider et al., 2010). The process of 

nitrification is an acid producing process and Snider et al., (2010) suggested the intra-cellular pH 

maybe much lower providing the environment necessary for rapid exchange. 

Nitrification (Eq. 1-4) can have an isotope enrichment factor associated each step that 

incorporates an oxygen onto NO3
-. This includes the incorporation oxygen from of O2 (

18εO2) and 

H2O (18εH2O-1) by AOA/AOB and H2O
 (18εH2O-2) by NOB. If these  values are known, the δ18O-

NO3
- value can be predicted by Eq. 13.  

δ18O-NO3
- = 1/3(δ18O-O2 + 18εO2) + 1/3 (δ18O-H2O + 18εH2O-1) + 1/3 (δ18O-H2O + 18εH2O-2) Eq. 13 

However, when the oxygen EIE (18εEx) occurs the signal from the first two equations (first step) 

(Eq. 1 and 2) is partial or completely lost, depending on the amount of EIE. Thus, if the amount 

of exchange is known the new δ18O-NO3
- can be calculated by Eq. 14; 

δ18O-NO3
- = 1/3(1-fexchange) (δ18O-O2 + 18εO2) + 1/3(1-fexchange) (δ18O-H2O + 18εH2O-1) + fexchange 

(δ18O-H2O + 18εEx) +1/3 (δ18O-H2O + 18εH2O-2) Eq. 14 

and if the isotope exchange is 100% equation 14 reduces each step to.  

δ18O-NO3
- = 2/3(δ18O-H2O + 18εEx) + 1/3 (δ18O-H2O + 18εH2O-2) Eq. 15 

The intercept of the linear regression of δ18O-H2O vs δ18O-NO3
- (-4) is a function of several 

factors that include 18εO2, 
18εH2O-1, 

18εH2O-2, and 18εEx. Due to these many factors and the absences 

of measurements for them, little can be extracted from our experimental intercept value of -4‰ 

(Figure 3-3).  
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Figure 3-3 The slope of δ18O-NO3
- to δ18O-H2O of experiment is shown in the black squares/line. 

The theoretical slope of δ18O-NO3
- to δ18O-H2O based on the biochemical steps (fH2O = 0.66, fO2 

= 0.33) is shown in the red dots/line. The blue area represents the standard deviations of 

experimental measurements. 

3.6 Conclusion 

It was shown here that the value of 15εNO3
-
/NH4

+ is large and can affect the observed δ15N of 

NO3
- in soils. This is particularly important in soil systems where ammonium is the primary 

source of N, such as intensively managed landscapes. Additionally, these experiments indicate 

equilibrium isotopic exchange of oxygen between NO2- and H2O during nitrite oxidation can be 

up to 48%, occurs during the process of nitrification altering the δ18O signal of microbial NO3
-. 

As a result, this research recommends that the use of dual isotopes (δ15N and δ18O) of NO3
- to 

assess or identify microbial processes and sources must be used cautiously. Because the 15εNO3
-

/NH4
+ and oxygen exchange during nitrification may cause incorrect end member assumptions 

resulting in incorrect source apportionment. For example, the 15εNO3
-
/NH4

+ could result in enriched 

δ15N from manure being mistaken as soil or fertilizers N, while oxygen EIE could cause an 

underestimation of the contribution of atmospheric or anthropogenic fertilizer nitrate in 

measured in soils. Furthermore, isotopic enrichment of δ15N and δ18O of NO3
- caused by 
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denitrification may be misrepresented or underestimated as the assumed isotopic increase ratio of 

2:1 of δ15N to δ18O may be altered. Thus, research attempting to source nitrate or assess 

denitrification by dual isotopes where nitrification is a source of NO3
- should consider and 

monitor 15εNO3
-
/NH4

+ and oxygen exchange and its implications on the observed δ15N and δ18O 

values of NO3
-. Future experiments should investigate the 15εNO3

-
/NH4

+
 and amount of oxygen 

exchange that occurs during nitrification in different soils and under different environmental soil 

conditions, as well as investigate the isotopic exchange that occurs during denitrification of NO3
- 

since NO2
- is an intermediate of denitrification.  
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 DETERMINATION OF THE 15N ENRICHMENT OF 

NITRATE AND NITRITE REDUCTION DURING DENITRIFICATION 

BY EXPERIMENTAL AND KINETIC MODELS  

4.1 Abstract 

Nitrogen stable isotopes are often used to delineate between different sources of nitrate and 

nitrite in soils and marine environments. In isotope mixing models the nitrogen isotope ratios in 

nitrate and nitrite from different sources are often assumed to be constant and conservative. 

However, a process such as denitrification can cause substantial changes in the nitrogen stable 

isotope ratios, causing error in nitrate and nitrite source apportionment when using isotope 

mixing models. Because nitrate and nitrite are reduced by different enzymes they have different 

degrees of isotope enrichment and studies have demonstrated the overall rate can vary due to 

environmental conditions. Here we report the nitrogen isotope enrichment factor for both nitrate 

and nitrite reduction in a Midwestern intensively managed landscape (IML) soil. Enrichment 

values were determined by performing denitrification incubations using IML soils and measuring 

the change in nitrite and nitrate concentrations and their nitrogen isotope ratios as a function of 

time. Data was then modeled using a kinetic complier, kinetcus, to determine the nitrate and 

nitrite isotope enrichment values using first order, zero order, and Michaelis-Menten models.  

4.2 Introduction 

Nitrate is a required nutrient for plant growth but can also have adverse impacts on the 

environment when nitrate concentrations are elevated. Nitrate is readily leachable and excessive 

nitrate loading in coastal waters, estuaries, lakes, and riverine systems can lead to eutrophication, 

causing hypoxia and ultimately resulting in loss of aquatic life and biodiversity (Yang et al., 

2008). Furthermore, leached nitrate can penetrate aquifers degrading drinking water (Spalding & 
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Exner, 1993). Nitrate consumption has been linked to harmful health effects, such as cancer and 

methemoglobinemia, in both humans and livestock, and has led to the regulation and monitoring 

of drinking water by the US EPA (Environmental Protection Agency., 2018). Nitrate pollution of 

drinking water within the US has been estimated to cost $19 billion annually, while its impact to 

freshwater ecosystems is estimated at $78 billion (Sobota et al., 2015). Furthermore, nitrate 

pollution has harmful effects in the urban atmosphere, where it is a component of acid rain and 

respirable particulate matter (Adams et al., 1999; Fairley, 1999; Lynch et al., 2000; Samet et al., 

2000; Seinfeld & Pandis, 2012; Wright & Schindler, 1995). Overall, it is estimated that the 

potential health and environmental damages of anthropogenic N in the US range from $81 to 

$441 billion yr-1 (Sobota et al., 2015). 

How much nitrate is present in an environment at any given time is a balance between 

nitrate sources and sinks. The main nitrate source is nitrification, a process that refers to the 

oxidation of ammonium into nitrate, mainly by bacteria, but also Archaea and fungi (Ward, 

2011). The source of the ammonium used during nitrification is either from the degradation of 

organic matter via mineralization or from ammonia fertilizers applied during agricultural 

practices. The second largest nitrate source is synthetic nitrate fertilizers such as ammonium 

nitrate and urea ammonium nitrate or UAN (Galloway et al., 2004, 2008). The last major input of 

nitrate is from the atmosphere where it is formed by the oxidation of nitrogen oxides that are 

produced by lightening, fossil fuel combustion, and incomplete nitrification/denitrification 

(Finlayson-Pitts & Pitts Jr, 1999; Seinfeld & Pandis, 2006). The main permanent sink of nitrate 

is denitrification. Denitrification is a multi-step anaerobic process that ultimately reduces NO3
- to 

N2 (Eq.1).  

2NO3
- + 10e- + 12H+ ➔ N2 + 6H2O Eq. 1 
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The anaerobic conditions required for denitrification occur primarily in saturated soils, where 

bacteria use NO3
- as an electron acceptor in place of oxygen (Golterman & Chalamet, 2013). The 

rate of denitrification is controlled by a variety of environmental factors, such as temperature, 

soil moisture, organic carbon content, pH, and oxygen availability, all of which often have a high 

degree of spatial and temporal variability (Hofstra & Bouwman, 2005; Woo & Kumar, 2017). 

Due to this variability, accurate estimates of the amount of NO3
- lost to denitrification is difficult 

to determine at both local and global scales. 

Globally, soil N loss via denitrification is estimated to range from 22 to 185 Tg N yr-1, 

while local scale loss can ranges from 8 to 51 kg N ha-1 yr-1 (Bouwman et al., 2013; Hofstra & 

Bouwman, 2005; Tiedje, 1988). Some of this variability can be attributed to “hot spots” and “hot 

moments” of denitrification caused by the nitrate concentration, % water filled pore space, 

temperature, fertilizer application, crop type, and other factors that can fluctuate dramatically in 

space and time at the field scale (Harms & Grimm, 2008; Hofstra & Bouwman, 2005; Pilegaard, 

2013; Weier et al., 1984). Hofstra & Bouwman, (2005) found that much of this variability may 

also be driven by differences in the various techniques used to determine denitrification and 

suggested that denitrification estimates can vary by more than 50% depending on the method 

used. Therefore, the ability to quantify denitrification loss is important for understating the N 

cycle on both a local and global scales.  

One approach to quantifying denitrification is by using stable isotope systematics. 

Changes in isotope ratios are reported in delta units δ (‰) = [Rsample/Rreference – 1] * 1000 

(Kendall & Aravena, 2000). Where R is the ratio of the minor to major isotope abundance in 

either a sample or the reference. For nitrogen, the 15N/14N is referenced with respect to 

atmospheric N2 (Bohlke & Coplen, 1995). Denitrification induces a kinetic isotope effect (KIE), 
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where the denitrifying bacteria use the lighter isotope preferentially over the heavy isotope 

(Mariotti et al., 1981). Quantitatively, KIE =  = kH/kL where the k’s are the denitrification rate 

constants for the heavy (H) and light (L) isotopes and  is called the isotope fractionation factor 

(Mariotti et al., 1981). The isotope fractionation factor () is often converted into permil (parts 

per thousand) notation and is referred to as the isotope enrichment factor (ε) Eq. 2.  

ε (‰) = ( – 1)*1000 Eq. 2 

The denitrification KIE usually causes an increase in δ15N value of the residual nitrate as 

a function of the fraction of nitrate lost by denitrification because the value of  for 

denitrification is negative (Granger et al., 2004; Knöller et al., 2011; Mariotti, 1982; Osaka et al., 

2018; Sigman et al., 2009). The 15 value can be calculated using the observed change in δ15N 

values as denitrification progresses and a Rayleigh distillation model (Eq. 3).  

15εNO3
- = (δ15Nf - δ

15N0)/ ln f Eq. 3 

Where δ15Nf is the δ15N value of the final (remaining) nitrate after some fraction has been lost to 

denitrification, δ15N0 is the δ15N value of the initial nitrate, f is the fraction of the initial NO3
- 

remaining, and 15εNO3
- (‰) is the denitrification 15N enrichment factor for denitrification. If the 

15ε value for denitrification in a soil is well defined, the Rayleigh model (Eq.3) can then be used 

to quantify f, the fraction of the initial NO3
- remaining, which is a measure of the amount of 

denitrification that has occurred. The object of this paper is to determine the 15ε value for 

denitrification occurring in an agricultural soil collected from the Midwestern United States so 

that it can be used in future work to determine field scale denitrification (Chapter 5).  
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4.3 Materials and Methods 

4.3.1 Denitrification Incubations 

 Controlled denitrification incubation experiments were conducted using a Midwestern 

US soil and reagents that were isotopically well characterized. In 2014, soil was collected from a 

plot growing corn at the Purdue Agronomy Center for Research and Education (ARCE) (GPS 

coordinates 40.470453, -86.992614). Soil was a silty clay loam classified as Dummer (USDA, 

2017). Soil was collected from the top (0 - 10cm) portion of the plot and placed in a 5-gallon 

bucket where it was transported back to Purdue University and laid in stainless steel pans to dry 

for seven days at 30°C. Before use, soil was homogenized by mortar and pestle and sieved to 2.0 

mm diameter. For each trial, 3.000 ± 0.001 g of soil was added to a 15 mL polypropylene 

centrifuge tube. A nitrate nutrient solution was prepared using NaNO3 with known δ15N and δ18O 

values. The solution was prepared using high purity Millipore water mixed with nitrate and 

glucose to yield concentrations of 11 mM and 89 mM, respectively, resulting in a C/N ratio of 96 

without considering the C or N present in the soil. The NaNO3 was a Hoffman brand fertilizer 

imported from Chile and had δ15N = 0.5‰ and a high δ18O = 54.1‰, typical of Chilean nitrates 

(Michalski et al., 2015). For each incubation trial, 0.900 ± 0.002 mL of the nutrient solution (10 

µmol of NO3
-) was pipetted into the tube containing the soil, resulting in 46.6 μg N/g soil. This 

volume of water to soil gave a water filled pore space of 94% ± 3 (see supplemental information 

for complete method). Control samples were prepared using soil and Millipore water only. 

Immediately after adding the nutrient solution to the soil, the centrifuge tubes were capped with a 

septum lid and flushed with N2 to induce anaerobic conditions and soil/solution was mixed by 

shaking. The soil where allow to incubations in under these denitrifing conditions for 6 different 

periods of time (0, 12, 15, 18, 21, and 24 hours). These various sampling times will be referred to 

as tx, where x is the time (hours) after beginning the incubation. After each time interval, nitrate 
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in the soil was double extracted by adding 5.00 ± 0.01 mL of deionized water to the vial, which 

was shook vigorously for 2.5 minutes, centrifuged for 30 minutes, and vacuum filtered (0.45 µm 

mixed ester cellulose filter, MilliporeSigma). The extraction process yielded roughly 8.5 mL of a 

clear solution. The extracted solution was frozen and stored until analysis.  

All samples were analyzed for anions by ion chromatography Ion Chromatography (IC) 

(Metrohm 940 Professional). The mobile phase was a 3.2 mM Na2CO3 and 1.0 mM NaHCO3 

carbonate buffer and the column was a Metrosep A supp 5 -150.4.0 (at 30°C) and 8.94 MPa, at a 

flow rate of 0.700 mL/min. Samples were run for concentrations of Cl-, SO4
-2, NO2

-, and NO3
- 

(precision = ± 2% for all ions), with a detection limit of 200 ppb for all analytes. The NO2/3 

(NO2
- + NO3

-) per gram of soil was calculated by Eq 4. 

𝜇𝑔 𝑜𝑓 𝑁𝑂2/3 𝑔 𝑠𝑜𝑖𝑙
−1  =

 𝑐𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑡𝑖𝑜𝑛 𝑜𝑓 𝑚𝑔 𝑁𝑂2/3 𝐿
−1 ∗ 0.011 𝐿 ∗1000

𝜇𝑔

𝑚𝑔

𝑔𝑟𝑎𝑚𝑠 𝑜𝑓 𝑠𝑜𝑖𝑙
 Eq. 4  

Where concentration of mg NO2/3 L
-1 is the concentration of NO2

- + NO3
- measured by the IC, 

0.011 L is the total volume of liquid added to the soil for incubations and extraction, and grams 

of soil is the total amount of soil used in each incubation (3 g). 

The combined δ15N values of NO3
- and NO2

- were measured at the PSI lab using the 

bacteria denitrifying method (Casciotti et al., 2002) using a Thermo Delta V isotope ratio mass 

spectrometer (IRMS) (precision = ± 0.5‰ for δ15N and 0.7‰ for δ18O). The bacteria method 

does not distinguish between NO3
- and NO2

- but rather converts both compounds to N2O. In 

hindsight, it would have been informative to remove nitrite by sulfamic acid or ascorbic acid 

(Granger et al., 2006) or separation of the two compounds by ion chromatography (Knöller et al., 

2011). However, this was not done and therefore the reported δ15N values are for N2O produced 

from both NO2
- and NO3

- which will be referred to as δ15N value of NO3/2 throughout this paper. 

The δ15N of soil and soil C/N ratios were determined using standard methods on a Sercon 20-22 
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IRMS paired to a Sercon EA-CN 1 elemental analyzer (precision = ± 0.3‰ for δ15N). The data 

was analyzed using a computer program Kintecus that numerically solves ordinary differential 

equations and is commonly used to model chemical kinetic processes (Ianni., 2003) 
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4.4 Results 

 

Figure 4-1 Concentrations of NO2
-, NO3

-, and NO3/2, throughout the 24-hour denitrification 

incubations. The concentrations predicted by the first (black lines) and zero (blue lines) order, 

Michaelis-Menten (red lines), and Transient Coupled Michaelis-Menten (purple lines) kinetic 

models.  

 

All nitrate was consumed within the 24-hour incubation period, decreasing from an initial 

47.0 μg N g soil-1 ± 0.6 to below the limit of detection by the end of the incubation (Figure 4-1).  

The disappearance of nitrate occurred in a linear fashion and concentrations were below the 

detection limit by t21. As the nitrate concentration decreased, the nitrite increased, also in a linear 

fashion, peaking at t18 at a concentration of 21 μg N/g soil. Nitrate and nitrite concentrations 
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became nearly equal at ~t15 at a concentration of ~15 μg N/g soil. After t18, nitrite decreased 

linearly with a slope that was steeper than the slope during the nitrite build up between t0 and t18. 

The total N loss rate was 2.6 μg N g soil-1 h-1. Blank samples had a t0 nitrate concentration of 

1.17 μg N/g soil, which was only 2.5% of the initial N added in non-control incubations and 

decreased below the IC detection limit by t12. The measured δ15N values of NO3/2 increased 

exponentially from an initial (t0) value of 1.3‰ ± 1.0 to a final average δ15N value of 31‰ ± 6.4 

at t21, with δ15N maximum of 40.4‰ (Figure 4-2). The δ15N values of NO3/2 of control samples 

could not be determined due to low NO3/2 concentrations. 

4.5 Discussion 

The measured rate of denitrification in the saturated soils (2.6 μg N g soil-1 h-1) was within the 

range of 1.14 and 3.21 μg N g soil-1 h-1 reported in the literature (Blackmer & Bremner, 1977; 

Limmer & Steele, 1982; Osaka et al., 2018; Smith et al., 1979; Smith & Tiedje, 1978; Walters & 

Power, 1991). The results were only compared to denitrification incubations that used soils with 

similar NO3
- concentrations, C/N ratios, and moisture content because all of these factors 

influence the rate of denitrification (Ge et al., 2012; Glass & Sliverstein, 1998; Golterman & 

Chalamet, 2013; Her & Huang, 1995; Hu et al., 2011). For example, Osaka observed 

denitrification rates decrease from 1.15 μg N g soil-1 h-1 at 25°C, temperatures similar to our 

incubations, to rates lower than 0.4 μg N g soil-1 h-1 at 10°C.  

4.5.1 Accumulation of Nitrite in Denitrification Incubations 

Nitrite buildup during incubations was interesting, considering that nitrite accumulation 

in soil is uncommon (Burns et al., 1996; Paul & Clark, 1989). This NO2
- buildup is important for 

two reasons. First, the bacteria denitrifier method reduces both NO3
- and NO2

-, therefore the 
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measured δ15N is NO3/2, not solely the residual NO3
-. Second, isotopic fractionation can occur 

during the reaction pathways of NO3
- to NO2

- (Bryan et al., 1983; Mariotti et al., 1981) and NO2
- 

to N gas (Blackmer & Bremner, 1977; Osaka et al., 2018) which is discussed below. The lack of 

NO2
- build up in natural systems has been attributed to the two dominant microbial processes, 

nitrification and denitrification. In soils, both of these processes can remove NO2
- faster than its 

production. Nitrification removes NO2
- by re-oxidation back to NO3

- under aerobic conditions 

(R2), and denitrification removes it by reduction to NO, N2O and N2 under anaerobic conditions 

(R3). NO3
- in the control incubations decreased rather than increased, indicating that limited 

nitrite oxidation occurred in our incubations. Thus, for nitrite to accumulate in our experiments, 

the rate of reduction of nitrate by nitrate reductase (R1) must be greater than reduction of nitrite 

by nitrite reductase (R3) and oxidation of nitrite by nitrite oxidoreductase (R2) (Eq. 4). 

NO3
- 
𝑅2
← 

𝑅1
→  NO2

- 
𝑅4
← 

𝑅3
→  N2 Eq. 5 

Each step of denitrification uses a different reductase, each having different optimal 

conditions, thus environmental conditions can play a vital role on whether denitrification goes to 

completion or is partial, resulting in NO2
- accumulation. The incubations in this study had 

glucose added as a carbon source to act as an electron donor. Which organic compound is used 

as an electron donor can greatly affect the accumulation of NO2
- generated during denitrification 

(Akunna et al., 2008; Her & Huang, 1995; Wilderer et al., 2000). The increase in NO2
- is caused 

by the difficulty bacteria have in using glucose, which creates competition for electrons between 

nitrite reductase and nitrate reductase, and ultimately causes the accumulation of NO2
- (Ge et al., 

2012; Glass & Sliverstein, 1998; Her & Huang, 1995; Hu et al., 2011). For example, Ge et al., 

(2012), found that NO2
- accumulation rate was 30% higher when glucose was used as an electron 

donor compared to acetate or methanol. Similar conclusions about nitrite accumulation and 
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glucose have been reached by others (Akunna et al., 2008; Her & Huang, 1995; Wilderer et al., 

2000).  

4.5.2 Modeling Denitrification Concentration by Zero, First, and Michealis-Menten Kinetics 

In order to interpret the concentration and isotope data we explored several kinetic 

models of denitrification. There is considerable debate about which kinetic schemes best capture 

the microbial process of denitrification (Glass & Sliverstein, 1998; Kanwar et al., 1982; Mariotti 

et al., 1981; Osaka et al., 2018) and its corresponding kinetic isotope effect (Maggi & Riley, 

2009, 2015; Vavilin & Rytov, 2015). Laboratory studies often suggest denitrification follows 

first order kinetics, because these models account for the exponential decrease in nitrate often 

seen during denitrification experiments (Blackburn et al., 1994; Corey et al., 1967; Kanwar et al., 

1982; Kirda et al., 1974; Mariotti et al., 1981; Osaka et al., 2018; Starr & Parlange, 1975). 

However, other studies have found zero order kinetics best reproduce experimental 

denitrification results (Glass & Sliverstein, 1998; Kanwar et al., 1980; Reddy et al., 1978; Starr 

& Parlange, 1976). Furthermore, studies suggest that conditions within the soil may control 

whether denitrification follows first or zero order kinetics. For example, Doner et al., (1974) 

concluded that denitrification initially followed zero order until a low nitrate concentration was 

reached after which it transitioned to a first order loss. Reddy et al., (1978) found that the 

diffusion of nitrate in flooded soils could alter the denitrification kinetic rate order. Furthermore, 

Maggi & Riley, (2009) found that a Michaelis-Menten approach (discussed below) can account 

for a change in rate order. The Michaelis-Menten-Monod model also accounts for increases in 

bacteria biomass and uses enzyme dynamics, which is more representative of a bacterial process, 

such as denitrification. Such models have recently been used to determine the denitrification 15 

values (Maggi & Riley, 2009, 2015; Vavilin & Rytov, 2015) to better understand the mechanism 
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of the KIE during denitrification. But these models must also accurately reproduce NO2
- and 

NO3
- experimental concentration data. Therefore, we modeled soil denitrification and the 

associated isotope effects using first order, zero order, and two different Michealis-Menten 

kinetics models. 

The nitrate and nitrite concentration data were first interpreted assuming denitrification 

rates followed first order kinetics. Here a simple kinetics scheme for denitrification that consisted 

of three ordinary differential equations was tested. 

dNO3/dt = k1[NO3
-]x   Eq. 6 

dNO2/dt = k1[NO3
-]x – k2[NO2

-]y Eq. 7 

dNOg/dt = k2[NO2
-]y Eq. 8 

Where the concentration power coefficients (x and y) were set equal to 1 for first order reactions 

and dNOg/dt is the total loss of N via denitrification into gaseous N, which could be NO, N2O or 

N2. The rate constant k1 was determined by plotting the natural logarithm [NO3
-] versus time and 

using the slope, yielding a k1 equal to 3.0 hr-1. Nitrite was simultaneously produced and 

consumed at the beginning of the incubation, therefore k2 was determined between t18 and t21, 

when nitrate was below the detection limit, thus the NO2
- production term in Eq.7 was assumed 

to be zero. Over this interval the slope of the natural logarithm [NO2
-] versus time yielded a k2 of 

2.9 hr-1. The Kintecus simulation (Table 4-2) was run for a 24-hour period using an initial NO3
- 

concentration of 47 μg N/g soil (average t0 measurement), to predict NO3
- and NO2

- 

concentrations with time (figure 4-1). 

The first order model predicted NO3/2 concentrations that are similar to the experimental 

data, but poorly described the trends in the NO3
- and NO2

- concentrations (figure 4-1). 

Comparing the modeled NO3/2 concentration to the experimental data yielded a R2 correlation 
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coefficient of 0.833, suggesting total N loss could be explained by first order kinetics. This is 

similar to others who found that the N2O produced and NO3
- loss by denitrification followed first 

order kinetics (Blackburn et al., 1994; Corey et al., 1967; Kanwar et al., 1982; Kirda et al., 1974; 

Mariotti et al., 1981; Osaka et al., 2018; Starr & Parlange, 1975). The modeled NO3
- 

concentrations decayed exponentially, as expected for a first order loss process, but compared to 

the experimental data, the correlation was weaker (R2 = 0.69) than that of total N loss, suggesting 

that NO3
- reduction to NO2

- was not well explained by first order kinetics. The simulated NO2
- 

concentration increased parabolically during the first 7 hours, then decreased roughly linearly 

thereafter. Similar to the change in NO3
-, a comparison between experimental and modeled NO2

- 

concentrations were not well explained by first order kinetics (R2 = 0.57).  

Because of the failure of this first order model to accurately reproduce the NO2
- and NO3

- 

concentration data, we adopted the zero-order model detailed in Glass and Silverstein (1998) 

(figure 4-1). A zero order denitrification rate can be used when denitrification is not limited by 

nitrate concentration (Glass & Sliverstein, 1998; Moore & Schroeder, 1971). In short, this 

change can be summarized from our previous model by setting the x and y exponents in 

equations 6 through 8 to 0. The rate for zero order loss of N will be linear therefore, the rate 

constants (k) were determined using the observed linear slopes of nitrate and nitrite loss. The soil 

NO3
- decreased by 47 μg N g soil-1 between t0 and t18 yielding a zero order rate constant of 2.6 

μg N g soil-1 h-1, which was used for k1. The nitrite loss rate constant (k2) was determined by the 

change in NO2
- concentration (21 μg N g soil-1) between t0 and t18 and using k1 in Eq. 6 and 

solving for k2 = 1.5 μg N g soil-1 h-1 (Eq. 7). Compared to the experimental data, the zero order 

kinetics accurately predicted NO3/2 loss (R2 = 0.89), similar to the first order model correlation. 

Zero order kinetics also explained NO3
- loss better than first order kinetics, yielding a R2 of 0.99. 
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Similarly, the zero order model of NO2
- loss better reproduced the experimental data (R2 of 0.66), 

signifying that the loss of NO2
- can be better explained by zero order rather than first order. In 

general, the zero-order model more accurately predicts the change in NO3/2, NO3
-, and NO2

- 

concentrations from t0 to t18 relative to the first order model (figure 4-1), but under predicted the 

rate loss of NO2
- and NO3/2 between t18 to t24. 

The failure of first and zero order kinetics to predict NO3
-/NO2

- consumption or N2O 

production by denitrification has been attributed to not accounting for enzyme kinetics that 

would be expected during denitrification (Bowman & Focht, 1974; Maggi & Riley, 2009; 

Vavilin & Rytov, 2015). Michaelis-Menten kinetics are commonly used to model biochemical 

reactions involving enzymes, such as denitrification. To account for the role of the enzymes, 

Michaelis-Menten equations for both denitrification loss of nitrate and nitrite were used (Eq. 9 

and 10). 

NO3
- + E 

𝑘2
←

𝑘1
→ NO3

-_E 
𝑘3
→ NO2

- + E Eq. 9 

NO2
- + F 

𝑘5
←

𝑘4
→ NO2

-_F 
𝑘6
→ N Gas + F Eq. 10 

Where E is the nitrate reductase and F is the nitrite reductase enzyme. NO3
- binds with the 

enzyme (k1) to form the NO3
--E complex, that can then break apart to reform NO3

- (k2) or the 

enzyme-substrate complex can progress forward reducing NO3
--E, to NO2

- (k3). The complex is 

assumed to be at quasi equilibrium (Laidler, 1955; Maggi & Riley, 2009; Vavilin & Rytov, 

2015). This same mechanism occurs between NO2
- and its reducing enzyme F. The nitrate and 

nitrite concentration data were interpreted using Michaelis-Menten kinetics at quasi equilibrium. 

Here the kinetics scheme can be defined by Eq. 11 and 12.    

dNO3/dt = k3[E] * ([NO3
-]/(k2+k3/k1)+[NO3

-]) Eq. 11 

dNO2/dt = k3[E] * ([NO3
-]/(k2+k3/k1)+[NO3

-]) - k6[F] * ([NO2
-]/(k5+k6/k4)+[NO2

-]) Eq. 12 
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The initial rate constants for the Michaelis-Menten model for k1-k6 where based rate constant 

values used for the first order model k1 and k2. Rate constant values where then adjusted 

iteratively until the model best fit experimental concentration data. 

At the limits, the Michaelis-Menten model can change its apparent reaction order, 

depending on the amount of enzyme relative to the substrate. At high substrate concentrations, 

NO3
- >> (k2+k3/k1), Eq. 11 reduces to dNO3/dt = k3[E] and the reaction order is zero with respect 

to [NO3
-]. But when substrate concentrations are low Eq.11 reduces to dNO3/dt = k3[E] * [NO3

-

]/(k2+k3/k1), resulting in a first order rate law with respect to [NO3
-]. This could be an 

interpretation of our NO3
- concentration data, where zero is occurring between t0 to t15, then 

switching to first order thereafter (figure 4-1). This approach has been used in several studies to 

improve kinetic modeling on denitrification and nutrient uptake (Betlach & Tiedje, 1981; Blum 

et al., 2009; Garcia-Ruiz et al., 1998; Hoering & Ford, 1960; Wanek, 2008). For example, 

Garcia-Ruiz et al., (1998) used a Michaelis-Menten curve to explain the denitrification rate in 

sediments containing added nitrate. Betlach & Tiedje, (1981) used a two term Michaelis-Menten 

equation to describe substrate consumption and used two one-term Michaelis-Menten equation 

models for the appearance of denitrified products.  

The Michaelis-Menten kinetics model, like the zero-order model, accurately modeled 

NO3/2, and NO3
- concentrations (figure 4-1) but poorly modeled NO2

- concentrations. The model 

predicted the linear decrease in NO3
- from t0 to t18 and NO3/2 concentrations aligned well with 

experimental data, producing a R2 correlation coeffects of 0.96 and 0.91 respectively. However, 

the Michaelis-Menten model poorly predicted NO2
- concentrations, compared to experimental 

(R2 = 0.36).  
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A second Michaelis-Menten model was based on that of Maggi & Riley, (2009) called 

the Transient Coupled Michaelis-Menten (TRMM). This approach uses Monod kinetics that 

accounts for bacterial growth and death in addition to enzyme kinetics (Monod, 1949). This 

simply consisted of adding two additional variables (Eq.13 and 14) to the Michaelis-Menten 

model above (Eq. 11 and 12) to account for enzyme growth and decay, Eq. 15 and 16(Maggi & 

Riley, 2009; Monod, 1949).  

B(t) = E(t) + ES(t)  Eq. 13 

dB/dt = Y(dp/dt) - βB Eq. 14 

dNO3/dt = k3[E] * ([NO3
-]YB/(k2+k3/k1)+[NO3

-]) Eq. 15 

dNO2/dt = k3[E] * ([NO3
-]YB/(k2+k3/k1)+[NO3

-])-βB - k6[F] * ([NO2
-]YB/(k2+k3/k1)+[NO2

-])- 

βB  Eq. 16 

Where B is the total enzyme concentration, Y is a total enzyme coefficient expressing an 

increase in enzyme concentration due to bacteria growth and β is the bacteria death rate or 

removal of enzyme. In kintecus this was achieved by adding enzyme growth and loss to 

denitrification equations and coefficients adjusted iteratively to best match experimental data 

(table 4-2). The TRMM rate constants used were based on the k1-k6 used in the Michaelis-

Menten model but were adjust to best fit experimental data. The rate of enzyme growth and 

decay was modified two ways. First, by adjusting enzyme production and loss coefficients with 

the completion of each reaction and second, by the addition of k7 which was adjusted iteratively 

until the model best fit experimental data. Table 4-2 lists all the reaction rate constants used for 

both Michaelis-Menten models. 

The TRMM model, like the Michaelis-Menten model, accurately modeled NO3
- and 

NO3/2 concentrations (figure 4-1). The modeled NO3/2 concentrations aligned well with 
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experimental data producing an overall R2 correlation coefficient of 0.93. Similarly, the TRMM 

model very accurately predicted the linear decrease in NO3
- from t0 to t18 with an R2 of 0.98. The 

TRMM model more accurately predicted the change in NO3
- and NO3/2 because it accounts for 

enzyme growth. Compared to the Michaelis-Menten model the initial rate of NO3
- decrease is 

slower, however as enzyme concentrations increase so does the rate of NO3
- loss. This adjustable 

rate of loss caused by changing enzyme concentrations allows this model to more accurately 

predict changes in NO3
- concentrations. However, like the Michaelis-Menten and first order 

model the TRMM model did not predicted the change in NO2
- concentration well. When 

compared to experimental data the modeled NO2
- data had a R2 value of 0.50. 

Among the models used to predict the concentration change of NO2
-, NO3

-, and NO3/2 

during denitrification the zero order, Michaelis-Menten, and TRMM models all predicted the 

loss in NO3/2 and NO3
- reasonably well. All models poorly predicted the change in NO2

- 

concentration, but the zero order best reproduced this change. The poor predictions of NO2
- can 

be primarily attributed to the decrease in NO2
- that occurs after t18, when NO3

- concentrations are 

below detection. All models failed to predict this rapid rate of NO2
- loss (Figure 4-1). Previous 

studies have also shown significant discrepancy between modeled and observed NO2
- 

concentrations after NO3
- consumptions in denitrification incubations (Betlach & Tiedje, 1981; 

Glass & Sliverstein, 1998; Wilderer et al., 2000). A first order Rayleigh distillation is often used 

for modeling the change in δ15N with loss of N during denitrification. Due to the zero order, 

Michaelis-Menten, TRMM models better models concentrations of NO2
-, NO3

-, and NO3/2 than 

the first order, these models were also used to model the change in the δ15N with fraction of N 

loss. 
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4.5.3 The δ15N of NO3/2 During Denitrification Incubations  

 

Figure 4-2. The average δ15N value of NO3/2 throughout the 24-hours denitrification incubations 

of all 5 incubation trials. The increase in standard deviation of samples with time is due to higher 

isotope and concentration standard deviations at low concentrations of NO3/2. 

 

The exponential increase in δ15N-NO3/2 values over time (figure 4-2), indicates that 

denitrifying bacteria discriminated against 15N and consistent with Rayleigh distillation. This 

agrees with other studies that have shown that denitrification causes an increase in δ15N values of 

residual NO3
- (Böttcher et al., 1990; Kendall & Mcdonnell, 1998; Knöller et al., 2011; Mariotti et 

al., 1981; Osaka et al., 2018). The NO3/2 kinetic isotope enrichment factor, for the simultaneous 

reduction of both NO3
- and NO2

-, was determined using Eq. 3. Plotting the δ15N values against 
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the natural logarithm of the fraction of NO3/2 remaining resulted in a linear relationship (R2 > 

0.92 for all trials) that yielded 15εNO3/2 = -12.0‰ ± 2.7 for total denitrification (NO3/2) (Figure 4-3, 

Table 4-3). These value fall within the 15εNO3
- values in studies of denitrification in agricultural 

soils, which range from -11.0 to -29.4‰ (Blackmer & Bremner, 1977; Mariotti et al., 1981; 

Osaka et al., 2018). This wide range of denitrification 15εNO3
- values in soils has been associated 

with changes in temperature (Mariotti et al., 1981), denitrification rates (Mariotti et al., 1981), 

and differences in soil type (Blackmer & Bremner, 1977). In other environments, such as marine 

sediments, ocean water, and bacteria culture studies, a difference in 15εNO3
- values has been 

attributed to other factors including substrate composition, concentration, and availability of 

electron donors, and bacteria strains (Böttcher et al., 1990; Bryan et al., 1983; Knöller et al., 

2011; Macko, 1987). Studies that used clayey soils and were under intensive agricultural 

management, similar to our soil, had 15εNO3
-
 values between -11.0 and -17.0‰ (Blackmer & 

Bremner, 1977; Osaka et al., 2018) which agree well with our 15εNO3/2 values of -12.0‰ ± 2.7.  



83 

 

 

 

 

Figure 4-3 The enrichment factors were determined by plotting the measured δ15N values of 

NO3/2 (NO2
- + NO3) against the natural logarithm of the fraction of remaining NO3/2. This was 

performed for each incubation trial and the slope (15εNO3/2) is recorded in table 4-3. 

 

Table 4-1: The experimental 15εNO3/2 and 
15εNO2

-
 values determined using measured δ15N values 

with fraction of NO3/2 remaining.  

Experimental Values from Incubations 

Plot Trial 1 (‰) Trial 2 (‰) Trial 3 (‰) Trial 4 (‰) Trial 5 (‰) 

Intercept 1.89 0.24 1.68 2.05 -1.43 

Slope 

(15εNO3/2) 

-9.94 -12.3 -11.9 -9.43 -16.3 

(15εNO3/2) R
2 0.94 0.95 0.94 0.95 0.91 

Slope (15εNO2) -7.8 -11.4 -9.94 -7.028 * 

*The 15εNO2 of trail 5 could not be determined as NO3
- was present at t18. 
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In many studies that measure the denitrification of NO3
-, it is often approximated that 

NO3
- is directly reduced into gaseous N because there is no accumulation of NO2

-. This is 

because NO3
- reduction to NO2

- is often assumed to be the rate limiting step of denitrification 

(Granger et al., 2008; Högberg, 1997). In contrast, we observe the accumulation of nitrite, which 

can have large implications with respect to the isotope results because isotope fractionation can 

occur during both NO3
- reduction and NO2

- reduction (Blackmer & Bremner, 1977; Granger et 

al., 2008). For example, Blackmer and Bremer (1978) found an 15εNO3/2 value that ranges from -

14 to -23‰ but concluded that both 15εNO3
- and 15εNO2

- controlled the δ15N value of NO3/2 and 

determined that the 15εNO3
- value ranged from -11 to -17‰. Subsequent studies have shown that 

the denitrification 15εNO2
-
 in soils ranges from -6.9 to -19.4‰ (Bryan et al., 1983; Mariotti et al., 

1981) and 15εNO3
- from -11.8 to -29.4‰ in soils (Mariotti et al., 1981; Osaka et al., 2018). The 

15εNO2
- values in this study were directly determined using difference in δ15N values of NO2

- 

between t18 and t21, f = [NO2
-]t18/[NO2

-]t21 (when only NO2
- was present) and using Eq. 3. From 

this a 15εNO2
- value of -9.1‰ ± 1.9‰ was determined, which falls on the lower range of 15εNO2

- 

values in soils of -6.9 to -19.4‰ (Bryan et al., 1983; Mariotti et al., 1981). The 15εNO3 could not 

be directly determined in the same manner as 15εNO2
- (or 15εNO3/2) because, except at t0, at no time 

was NO3
- present without NO2

-. In order to evaluate the value of 15εNO3
- the experientially 

determined 15εNO2- value was used in a first order, zero order, and two Michaelis-Menten kinetic 

models with isotope reactions by best fitting the models to the data. 
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Table 4-2The reactions and rate constants for all denitrification isotope enrichment models. The 

α value represents the fractionation factor or the relative reaction rate of the heavier isotope to 

the lighter isotope. The reaction rate for the heavier isotope was determined by multiplying the 

rate of the light isotope by the α value. Though arbitrary, the initial concentrations were set to 

best represent the initial NO3
- concentration in our incubations. The critical part in this model is 

that the 15N/14N ratios are equal to the δ15N of NO3
- added to our soils. Therefore, initial ratios of 

15N/14N here were set to equal 0.5‰, the δ15N value of the NaNO3 added to soil during 

incubations. 

 Reaction k α Initial Concentration of 

Reactant 

 First Order (1/s) 
14k1 

14NO3
- ➔ 14NO2

-  1.02*10-4 1.000 1.000*10-6 

15k1 
15NO3

- ➔ 15NO2
- 1.01*10-4 0.990 3.069*10-9 

14k2 
14NO2

- ➔ 14NO  4.90*10-5 1.000 0 
15k2 

15NO2
- ➔ 15NO  4.85*10-5 0.989 0 

 Zero Order (molecules N/L h) 
14k1 

14NO3
- ➔ 14NO2

-  1.50*1018 1.000 2.49*1019 Molecules 
15k1 

15NO3
- ➔ 15NO2

- 5.51*1015 0.995 9.19*1016 Molecules 
14k2 

14NO2
- ➔ 14NO  9.03*1017 1.000 0 

15k2 
15NO2

- ➔ 15NO  3.31*1015 0.992 0 

 Michaelis-Menten (1/s) 
14k1 

14NO3
- + E ➔ E14NO3

- 2.10*10-5 1.000 14NO3
- = 47 E = 4 

14k3 E14NO3
- ➔ E + 14NO2

- 2.40*10-4 1.000 0 
14k2 E14NO3

- ➔ E + 14NO3
- 5.16*10-5 1.000 0 

15k1 
15NO3

- + E ➔ E15NO3
- 2.06*10-5 0.983 15NO3

- = 

0.141 

E = 4 

15k3 E15NO3
- ➔ E + 15NO2

- 2.36*10-4 1.000 0 
15k2 E15NO3

- ➔ E + 15NO3
- 5.16*10-5 1.000 0 

14k4 
14NO2

- + F ➔ F14NO2
- 3.00*10-5 1.000 14NO2

- = 0  F = 1 
14k6 F14NO2

- ➔ F + 14NO 1.50*10-3 1.000 0 
14k5 F14NO2

- ➔ F + 14NO2
- 5.16*10-6 1.000 0 

15k4 
15NO2

- + F ➔ F15NO2
- 2.97*10-5 0.989 15NO2

- = 0  F = 1 
15k6 F15NO2

- ➔ F + 15NO 1.50*10-3 1.000 0 
15k5 F15NO2

- ➔ F + 15NO2 5.16*10-6 1.000 0 
 TR Michaelis-Menten (1/s) 

14k1
 14NO3

- + E ➔ E14NO3
- 1.40*10-5 1.000 14NO3

- = 47 E = 2 
14k3

 E14NO3
- ➔ 1.15E + 0.22F 

+ 14NO2
- 

4.00*10-4 1.000 0 

14k2
 E14NO3

- ➔ E + 14NO3
- 3.44*10-5 1.000 0 

15k1
 15NO3

- + E ➔ E15NO3
- 1.38*10-5 0.983 15NO3

- = 

0.141 

E = 2 

15k3
 E15NO3

- ➔ E + 15NO2
- 4.00*10-5 1.000 0 
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Table 4-2 Continued 

15k2
 E15NO3

- ➔ 1.05E + 15NO3
- 3.44*10-4 1.000 0 

14k4
 14NO2

- + F ➔ F14NO2
- 4.00*10-5 1.000 0 

14k6 F14NO2
- ➔ F + 14NO 2.00*10-2 1.000 0 

14k5 F14NO2
- ➔ 1.05F + 14NO2

 2.24*10-3 1.000 0 
15k4

 15NO2
- + F ➔ F15NO2

- 3.96*10-5 0.989 14NO2
- = 0  F = 1.00*10-5 

15k6
 F15NO2

- ➔ F + 15NO 1.98*10-2 1.000 0 

15k5
 F15NO2

- ➔ 1.05F + 15NO2
 2.24*10-3 1.000 0 

k7
 N2 ➔ F 1.40*10-6 1.000 0 

 

Kinetic models for the 15N isotopologues of NO2
- and NO3

- were derived to mirror the 

14N reactions in each of the kinetic models discussed above. The rate constant for each of these 

15N reactions was determined by multiplying the rate constant of the 14N isotopologue with an α 

value (15k = 14k * α), where α is the isotope fractionation factor (see Eq. 2). For all models, the 

15NO2 = -9.1‰ ± 1.9 determined experimentally was converted to the 15αNO2= 0.991 ± 0.002 

using Eq. 2. The initial 15αNO3 was set to 0.986 based on the range of values from 0.989 to 0.983 

determined in other studies (Blackmer & Bremner, 1977; Osaka et al., 2018). The 15αNO3
 was 

then adjusted iteratively by ± 0.001 until the model best fit the δ15N of NO3/2 data. The final rate 

constants used in the models can be found in table 4-2.  

  



87 

 

 

 

 

 

  

Figure 4-4 Three first order Kintecus models were used, one with only enrichment during NO3
- 

reduction (A), one with only enrichment during NO2
- reduction (B), and another with enrichment 

during the reduction of both NO2
- and NO3

- (C). The NO3
- line predicts the change in δ15N of 

NO3
- throughout the incubations, NO2

- predicted the change in the δ15N of NO2
- throughout 

incubations, the NO3/2 is the δ15N that would be measured if both NO2
- and NO3

- molecules are 

not separated during the bacteria method, and the gaseous nitrogen is the δ15N of the final 

gaseous nitrogen products produced at the end of denitrification. The fraction of NO3
- and NO2

- 

in total N graph (D) demonstrates the importance of accurate modeling of NO2
- and NO3

- 

fractions, because data points that do not fall along this predicted fraction are poorly modeled by 

the first order model. Results show that if only one of the enrichments is considered predicted 

δ15N values of NO3/2 are too low. The model best predicted experimental results when 

enrichment by both NO2
- and NO3

- was considered. During all models after all NO3
- and NO2

- 

has been consumed the δ15N of gaseous N all returned to 0.5‰ indicting conservation of all N to 

gaseous N. 
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The first order kinetic isotope model was initially run under three assumptions, the first 

was that only 15εNO3
- enrichment was active (figure 4-4A), the second, assumed only 15εNO2

- was 

active (figure 4-4B), and the third was assuming that both 15εNO2
- and 15εNO2

- were active (figure 

4-4C). From these model comparisons, the relevance of the enrichment factors can easily be 

observed (figure 4-4). When only 15εNO3
- was active, the predicted δ15N value of NO3/2 (blue line 

figure 4-4A) was low compared to the experimental values and the predicted δ15N NO3/2 values 

only reached 10‰ after 99% of the NO3
- had been denitrified, four times lower than the 

maximum 40‰ measured in incubations. Likewise, if only 15εNO2
- was active the predicted δ15N 

of NO3/2 values were much lower compared to the experimental values (figure 4-4B). Its only 

when both 15εNO3
- and 15εNO2

- are active in the model that the simulated NO3/2 δ
15N values 

accurately match the experimental NO3/2 δ
15N values (R2 = 0.93) (figure 4-4C).  

The first order kinetic model with isotope reactions found that a 15εNO3
- of -10‰ and a 

15εNO2
- of -11‰ best fit our experiment δ15N of NO3/2 data (figure 4-4). The best fit 15εNO2

- value 

of -11‰ is the average experimental value (9.1‰) plus the max standard deviation (1.9‰). This 

value falls within the reported 15εNO2
- values of -6.9 to -19.4‰ for soil denitrification (Bryan et 

al., 1983; Mariotti et al., 1981). The best fit for 15εNO3
- was determined to be -10‰ which is 

slightly lower than the 15εNO3
- found in other soil denitrification experiments, which range from -

11.0 and -17.0‰ (Blackmer & Bremner, 1977; Osaka et al., 2018) and much lower than the 

value of -29‰ determined by Marriotti (1988). This may be because Marriotti (1981) measured 

the N2O product and assumed no isotopic fractionation between it and other intermediate N gases, 

particularly NO. In contrast Osaka et al., (2018) and Blackmer & Bremner, (1977) measured 

isotopes of the residual NO3
- and NO2

-, similar to our experiment. Additionally, our modeled 

15εNO2
- and 15εNO3

- values match those used by, Granger & Wankel, (2016), who modeled the 
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δ15N values of nitrate and nitrite in marine environments and found that a 15εNO3
- of -10‰ ± 1.3 

and a 15εNO2
- of -10.9‰ ± 4.4 allowed them to best fit the observations. 

This first order model best predicted the δ15N values of NO3/2 when the fraction of N 

remaining was between 0.45 and 0 (R2 of 0.94). This was because at this point, the first order 

model predicts that the fremaining is around 1, i.e. NO3/2 = NO2
- (figure 4-4D). However, between 

the fraction of N remaining of 0.75 to 0.45 this model poorly predicted the experimental δ15N of 

NO3/2 values (R2 = 0.26). This is due to the first order model incorrectly predicting the NO2
- and 

NO3
- molar ratios (figure 4-4D). The isotopic enrichment of both NO3

- and NO2
- reduction by 

denitrification proceeds in a Rayleigh distillation fashion. Figure 4-4 shows that if the modeled 

molar fractions of NO2
- and NO3

- are incorrectly predicted then the first order calculated δ15N 

value of NO3/2 will also be incorrect. In the first order model, between fractions of N remaining 

of 0.75 to 0.45, the molar fractions of NO3
- was under predicted and the fraction of NO2

- was 

over predicted. This ultimately caused the first order model to over calculate the δ15N values of 

NO3/2 by 5 to 10‰ and highlights the importance of accurate modeling of concentrations of NO3
- 

and NO2
- when attempting to determining the δ15N of NO3/2 of denitrification. Still despite the 

poor modeling of the fraction of N loss between 0.75 and 0.45, the first order model accurately 

predicted the experimental δ15N value of NO3/2 (R
2 = 0.93).  

Because concentrations of NO2
-, NO3

-, and NO3/2 were better modeled using zero-order 

kinetics, a zero-order kinetic isotope model was also tested. Here, the rate units used were 

molecules of N L-1 h-1, different from the 1st order, Michaelis-Menten, and TRMM models units 

of s-1. Experimental rate constants were transformed to account for differences in natural 

abundances (4-2). Because the rate of a zero order reaction is independent of concentration, the 

rate constant k (molecules of N L-1 h-1) was set to k = 14k + 15k, where 14k is the rate for 14N loss 
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and 15k is the rate of 15N loss. The ratios of 14k and 15k were equal the isotopic abundance of the 

initial nitrate. By setting these rates there is no isotopic fractionation for the zero order reaction. 

From this it was determined 14k is equal to 0.997 and 15k is equal to 0.003. The 15k was then 

adjust by ±0.001 while the 14k was kept constant. From this model is was calculated that 15εNO3
- = 

-5‰ and a 15εNO2
- = -8‰ (figure 4-5). The values of both 15εNO3

- and 15εNO2
- were lower than the 

values determined by the first order kinetic isotope model, which was -10‰ for 15εNO3
- and -11‰ 

for 15εNO2
-. The zero order model weakly predicted the δ15N of NO3/2 generating an overall R2 of 

0.58. The poor correlation is due to this model increasing the predicted δ15N of NO3/2 

exponentially after a fraction of N remaining of 0.15. If these points are removed the zero order 

model predicts the δ15N values of NO3/2 well, generating an R2 of 0.87. The zero order model 

was better able to account for the experimental δ15N values of NO3/2 when fractions were 

between 0.7 and 0.45 than the first order model failed to encompass, generating an R2 of 0.29 

compared to 0.26 in the first order model. Despite a strong correlation (R2 = 0.91) at fractions of 

total N remaining from 0 to 0.45, the zero order model under predicts δ15N values of NO3/2 from 

0.42 to 0.3 by 5‰ and then over predicts the δ15N values from fractions 0.3 to 0 by over 20‰ 

(fig 4-5). 
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Figure 4-5 The change of δ15N of NO3/2 with decreasing fraction of remaining N of experimental 

denitrification incubation and computational models. The fraction of remaining N consisted of 

both the remaining amount of NO2
- and NO3

- compared to the initial amount of N added. Hollow 

squares are experiment values and the dash, dot, and solid lines are values generated by 

computational models. Models consisted of zero order (blue dash line), first order (black dot 

line), Michaelis-Menten (red dot dash line), and Transient Coupled Michaelis-Menten (purple 

solid line). R2 values can be found in figure 4-6.  
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The Michaelis-Menten isotope model produced an isotope enrichment trend similar to the 

first order model, but the enrichment values differed (Figure 4-5, Table 4-2). The Michaelis-

Menten, unlike the zero and first order kinetic models had three reactions for both 15εNO3- (Eq. 9) 

and 15εNO2- (Eq. 10). These reactions consist of the binding of NO3
- or NO2

- to the enzyme (k1 

and k4) followed by either the reverse reaction and release of NO2
- or NO3

- from the enzyme (k2 

and k5) or forward reaction and the reduction of NO3
- to NO2

- or NO2
- to N2 (k3 or k6) by the 

enzyme. Each of these reactions could have a corresponding isotope enrichment factor. The 

enrichment values used for reaction pathway in this model can be found on table 4-2. In the 

Michaelis-Menten model the delay in isotope enrichment that occurs from 1.0 to 0.95 of fraction 

of N remaining (figure 4-5) is due to increase in intermediate products (E-NO3
- and F-NO2

-). 

This is best observed in figure 4-7 where despite the loss of NO3
- the NO2

- product does not 

begin to increase until 0.95, suggesting N is being stored in the enzyme substrate complex, 

whereas in the first order model NO2
- begins to increase instantly with NO3

- loss. While a 

combination of different enrichment factors on k1 through k6 could be used to produce the 

Michaelis-Menten enrichment curve in Figure 4-5, here for simplicity only one of the forward 

reactions for NO3
- and NO2

- reduction (k1 and k4) were assigned an enrichment factor. This 

allows an easier comparison of enrichment factors from our first order model as well as other 

literature values that used first order kinetics. Using the values in table (4-2), the Michaelis-

Menten model produced a better R2 correlation of 0.95 compared to the zero and first order 

kinetic models. Though only marginally better, this improved correlation can be attributed to the 

Michaelis-Menten model’s more accurate prediction of NO3
- and NO2

- (figure 4-7). Like the first 

order model, the Michaelis-Menten model very accurately predicted the change in δ15N of NO3/2 
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after a fraction of N remaining below 0.45 because the fraction of NO2
- approaches 1.0 as 

predicted by the Michaelis-Menten model (Figure 4-7).  

 

 

 

Figure 4-6 Experimental δ15N of NO3/2 versus modeled δ15N of NO3/2. Experimental values are 

the measured δ15N values of NO3/2 from different fractions of N remaining measured from 

denitrification incubations sampled at 6 different incubation times. Modeled values are the 

computational calculated δ15N values of NO3/2 at the measured fractions of N remaining during 

denitrification incubations. Models performed were zero order (red circles), first order (black 

squares), Michaelis-Menten (blue triangles), and Transient Coupled Michaelis-Menten (green 

upside down triangle). 
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Figure 4-7 Fractions of NO3
- and NO2

- in fraction of total N (NO3/2) remaining during 

denitrification of the first order, Michaelis-Menten and TRMM kinetic models compared to 

experimental results. The Michaelis-Menten model best predicts the fractions of NO2
- and NO3

- 

at fraction of total N remaining at 0.7. The TRMM model more accurately predicts fractions of 

NO2
- and NO3

- at fraction of total N remaining at 0.5 to 0. Proper modeling of molar fraction of 

NO3
- and NO2

- of NO3/2 is critical for accurate modeling of δ15N values of NO3/2. 

 

The TRMM isotope model, produced a similar isotope enrichment trend compared to the 

Michaelis-Menten model but had slightly different calculated δ15N values of NO3/2 despite using 

the same isotope enrichment values for both k1 and k4. This difference is caused by both different 

reaction rates and the reduce initial amount of enzyme (E) of 2 moles present in the TRMM 

model compared to the initial amount of 4 moles in Michaelis-Menten model. Furthermore, as 

the TRMM model progresses more enzyme is produced, and the amount of E reaches 9 moles by 

the end. The less initial amount of E causes the initial isotopic increase to be observed sooner in 

the TRMM model, at a fraction of N remaining of 0.98 compared to 0.95 in the Michaelis-

Menten model (figure 4-5 and 4-7). Like the Michaelis-Menten model, the TRMM model better 
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improved R2, like the Michaelis-Menten model, can be attributed a more accurate modeling of 

the ratio of NO3
- and NO2

- in NO3/2 (figure 4-7). 

4.6 Conclusion 

The findings of this chapter suggest Michaelis-Menten kinetic models for calculating 

changes in concentration of NO3
- and NO2

- are more accurate than a simple first order approach. 

Furthermore, the addition of Monod kinetics taking enzyme growth and death into account 

further improved the modeling of concentration data in the TRMM model. The reaction rates for 

reactions k1 through k6 were different between the Michaelis-Menten and TRMM model in order 

to best model experimental data, similar to the findings by (Maggi & Riley, 2009). The 

advantage of more accurate concentrations modeling resulted in more accurate modeling of δ15N 

value of NO2/3 during denitrification, particularly when both NO2
- and NO3

- were present in 

detectable concentrations. Only the forward reactions, k1 for NO3
- reduction, and k4 for NO2

- 

reduction, were given enrichments factors in the Michaelis-Menten and TRMM models and were 

assigned the same enrichment values in both Michaelis-Menten and TRMM models. The 

enrichment value of 17‰ used in k1 = 15εNO3
-
 of the Michaelis-Menten and TRMM model was 

greater than the 10‰ determined by the first order Rayleigh. However, this 17‰ value is similar 

to the value of 17‰ measured by Blackmer & Bremner, (1977) and just above the high values of 

15‰ measured by Osaka et al., (2018). The enrichment value of 11‰ for k4 = 15εNO2
- of the 

Michaelis-Menten and TRMM models were within our experiment results of 9.1‰ ± 1.9 and 

matched both our first order value of 11‰ and the average values of 11‰ determined by Bryan 

et al., (1983). Overall the Michaelis-Menten and TRMM models not only provided more 

accurate modeling of concentration and δ15N values but also produced enrichment values that 

better match the literature values. Furthermore, the inability of the zero order to accurately model 
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the change in δ15N of NO3/2, particularly when fractions of N remaining were low, suggest that 

the enzyme substrate denitrification reactions are not strictly zero order. 

A full understanding of isotope kinetics can only be achieved by accounting for 

isotopologue speciation and fractions by transient Michaelis-Menten Monod kinetics as stated by 

Maggi & Riley, (2009). However, results demonstrate a first order kinetic approach is suitable 

for estimating the δ15N of NO3
- or NO2

- if the fraction of NO2
- or NO3

- is much greater than the 

other. For example, Casciotti & McIlvin, (2007), were able to ignore the presence of nitrite when 

measuring the 15εNO3
- of marine waters because the molar ratio of nitrate to nitrite was extremely 

large and any influence from 15εNO2
- on the measure δ15N was trivial. However as demonstrated 

in our denitrification incubation and theoretical findings, significant isotopic enrichment occurs 

during NO2
- reduction and must be considered when present. Thus, if both NO3

- and NO2
- are 

present than a Michaelis-Menten kinetic approach should be taken.  

Scenarios and environments where a Michaelis-Menten kinetic approach would be most 

applicable is in those where both NO2
- and NO3

- present in measurable concentrations. These 

include nitrification and denitrification incubations studies of cultures, marines, and soils, as well 

as in environments like sewage treatment centers where high NO3
- and NO2

- concentrations can 

simultaneously occur. However, results within this study show that in environments where 

concentration or fractions of NO2
- or NO3

- greatly out number the other, such as in marine and 

agricultural soils the δ15N of NO3/2 can be accurately model by first order kinetics.  

Overall the experimental data collected and multiple models performed in this study are 

limited and do not represent all 15εNO3
- and 15εNO2

- of soils but they do help confirm that 

midwestern agricultural soils have enrichment factors that are just below or within range of other 

soils. The implications of our research demonstrate that when both NO2
- and NO3

- are present in 
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considerable concentrations they must be separated and measured individually for isotopic 

analysis to accurately measure the 15εNO2
- and 15εNO3

-. However, our computational models show 

that even if not separated, isotopic results can be accurately modeled by Michaelis-Menten and 

TRMM kinetics. Future research efforts should be made to apply the Michaelis-Menten and 

TRMM models to environments where high NO2
- and NO3

- concentration are observed to test 

this approach as well as improve our understanding of isotope kinetics and microbial processes 

within these environments. 
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Key Points: 

• δ15N and δ18O values of nitrate in tile drainage increase from Spring to early Fall 

• The amount of N denitrified over the growing season was quantified by stable isotopes of 

δ15N of NO3
- and found to be 7.6 kg N ha-1 

• Denitrification rates are highest during the Summer months 
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5.1 Abstract 

Denitrification is a microbial process that occurs in anaerobic conditions reducing NO3
-

/NO2
- in solution to N2 and N2O gases, resulting in the undesired loss of N from intensively 

managed landscapes (IML). Quantifying the amount of N loss by denitrification within IMLs is 

difficult. Current chamber, tracer, and open-path optical methods can be time-consuming and 

limited in spatial and temporal resolution. Here we present an isotopic approach to quantify 

denitrification that is able to account for spatial and temporal variability by integrating across the 

field scale. Tile drain discharge was collected at an IML site between May and November and 

was analyzed for ion concentrations (NO3
-) and isotopic composition of H2O (δ2H and δ18O) and 

NO3
- (δ15N and δ18O). The δ15N and δ18O values of nitrate increased from an average of 2.8‰ 

and 1.4‰, respectively, in the Spring to an average greater than 6.2‰ for δ15N and 6.4‰ for 

δ18O during the remainder of the study period. This isotope increase was then paired with an 

isotopic Rayleigh distillation model to determine the fraction of nitrogen loss by denitrification. 

The fraction loss was then paired with nitrate concentration data to quantify the amount of 

nitrogen loss via denitrification. In total the amount of NO3
- leached from the beginning of May 

to the end of October was 31 kg N ha-1, while denitrification was 7.6 kg N ha-1. Seasonal 

estimates of denitrification N loss were 2.0, 4.7, and 0.9 kg N ha-1 for Spring, Summer, and Fall 

respectively.  

5.2 Introduction 

Nitrogen loss from Intensively Managed Landscapes (IMLs) has been a major focus of 

government and environmental agencies over the last few decades. This is of particular interest 

in the midwestern United States where IMLs are key to food and energy security and overall 

quality of life. Midwestern IMLs have an estimated market value of over $80 billion per year, 
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making the Midwest critically important to the United States’ economy and for worldwide meat 

and grain production (USDA, 2009). Corn production dominates Midwestern agribusiness with 

over 20.3 million hectares in corn production followed by soybean at 14.2 million hectares, 

producing roughly 40% of the world’s corn and soybean (USDA, 2009). This corn supply is also 

important for ethanol production, and recently mandated US biofuel regulations will only 

increase future demand for corn in the US (Duffield, 2015). This demand will require more 

nitrogen (N) fertilizer application in the coming decades (Bundy, 1985; Gericke, 1992). However, 

much of the N added to an IML does not end up in the crop, but is lost through leaching, 

volatilization, and denitrification. Among these N loss pathways, the most difficult to quantify is 

denitrification. 

Denitrification is difficult to quantify because it depends on a variety of environmental 

factors, which have a high degree of spatial and temporal variability. Denitrification transforms 

NO3
- into N2 and N2O, a greenhouse gas, under anaerobic conditions. Denitrification rates are 

controlled by transient soil conditions, such as temperature, moisture, pH, and oxygen 

availability, which are often functions of soil topography (Hofstra & Bouwman, 2005; Woo & 

Kumar, 2017). Variability of these environmental factors leads to a range of global 

denitrification estimates, from 22 to 185 Tg N yr-1 (Bouwman et al., 2013; Hofstra & Bouwman, 

2005; Tiedje, 1988). This large uncertainty makes understanding the global nitrogen cycle 

challenging (Bouwman et al., 2013; Boyer et al., 2018; Castellano et al., 2012; Galloway et al., 

2004). Similarly, denitrification measured in different plots within the same field also show large 

variability, ranging from 8 to 51 kg N ha-1 (Hofstra & Bouwman, 2005). Much of this variation 

may be due to different methods used to measure denitrification rates. For example, Hofstra & 

Bouwman (2005) compared four different methods, and found that the estimated denitrification 
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rates could vary by more than 50%. Some of these differences were attributed to denitrification 

“hot spots” and “hot moments” that depend on nitrate concentrations, water filled pore space, 

temperature, fertilizer application, crop type, and other factors that can fluctuate dramatically at 

the field scale (Harms & Grimm, 2008; Hofstra & Bouwman, 2005; Pilegaard, 2013; Weier et al., 

1984). These ambiguities demonstrate that there are important challenges in determining field-

scale denitrification when using methods that have limited spatial and temporal scope. Thus, an 

approach that can quantify denitrification by integrating the heterogeneity at the field scale 

would be desirable. 

Natural abundance stable isotopes have been used to better understand the nitrogen cycle, 

including denitrification (Böhlke & Denver, 1995; Kaushal et al., 2011; Kendall & Mcdonnell, 

1998; Nikolenko et al., 2018; Robinson, 2001; Walters et al., 2015). Changes in isotope 

abundances are small and are normally reported as  (delta) in parts per thousand (‰): 

𝛿𝑠𝑎𝑚𝑝𝑙𝑒(‰) =
𝑅𝑆𝑎𝑚𝑝𝑙𝑒−𝑅𝑅𝑒𝑓𝑒𝑟𝑒𝑛𝑐𝑒

𝑅𝑅𝑒𝑓𝑒𝑟𝑒𝑛𝑐𝑒
𝑥 1000 Eq. 1 

Where the R’s refer to the ratio of the rare to common isotope in a sample or an international 

reference material. The international reference for nitrogen isotope 15N/14N ratios is atmospheric 

N2 and for oxygen isotope 18O/16O ratios it is Vienna Standard Mean Ocean Water (VSMOW). 

Many nitrate sources have distinctive δ15N values and can be used for source apportionment. For 

example, the δ15N value of nitrate in manure ranges from +10‰ to +20‰ whereas synthetic N 

fertilizers values range from -5‰ to +5‰. Hence, it is possible to distinguish between manure 

and synthetic nitrate in tile discharge (Kendall & Mcdonnell, 1998). Stable isotope abundances 

can also be used to quantify kinetic processes, such as denitrification. Denitrifying bacteria’s 

preferential use of 14NO3
- over the heavier 15NO3

- is known as a kinetic isotope effect (KIE). The 

KIE is defined here as α=15k/14k, where k are the rate constants of the minor and major isotopes 
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and α is referred to as the isotope fractionation factor. Monitoring changes in NO3
- δ15N values 

over time has been used successfully to assess and evaluate denitrification in rivers (Böhlke et al., 

2004; Chen et al., 2009; Fukada et al., 2003; Sebilo et al., 2006), oceans (Cline & Kaplan, 1975; 

Sigman et al., 2009) and groundwater aquifers (Aravena & Robertson, 2005; Böttcher et al., 

1990; Fukada et al., 2003; Mariotti et al., 1988). However, the δ15N approach for assessing 

denitrification can be ambiguous because changes in δ15N can simply be due to mixing of nitrate 

from different sources that have different δ15N values (Kellman, 2005; Kellman & Hillaire-

Marcel, 2003; Kendall & Mcdonnell, 1998; Ostrom et al., 1998).  

The “dual isotope approach”, the simultaneous measurement of NO3
- δ15N and δ18O values, 

is particularly useful when two sources of nitrate have indistinguishable δ15N values or to assess 

if denitrification has occurred. For example, nitrate in atmospheric deposition and synthetic 

fertilizer (Figure 5-2) have overlapping δ15N values and cannot be distinguished using δ15N, but 

can be using their unique δ18O values (Kendall & Mcdonnell, 1998). The dual isotope approach 

has also been shown to be useful for understanding microbial processes such as denitrification 

(Einsiedl et al., 2005; Knöller et al., 2011; Liu et al., 2013; Mariotti et al., 1981; Nikolenko et al., 

2018). A simultaneous increase in nitrate δ15N and δ18O values and decrease in nitrate 

concentration would be difficult to attribute to source mixing (Kendall & Mcdonnell, 1998). 

However, the KIE in denitrification is selective in both isotopes of N and O, causing a 

simultaneous increase in both isotopes of residual NO3
- (Granger et al., 2008; Knöller et al., 2011; 

Mariotti et al., 1981). While changes in δ15N and δ18O values have been used in systems to 

qualitatively assess denitrification, to our knowledge, using nitrate δ15N and δ18O values to 

quantify denitrification that has occurred in an agricultural landscape has never been successfully 

demonstrated (Kellman, 2005; Kellman & Hillaire-Marcel, 2003; Ostrom et al., 1998). Increases 
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in δ15N and δ18O values in nitrate from tile drainages have been observed, but separating the 

denitrification effect from nitrate source mixing has proven challenging (Kellman, 2005; 

Kellman & Hillaire-Marcel, 2003; Ostrom et al., 1998). Most of these studies have concluded 

that changing δ15N and δ18O values are primarily due to mixing of different nitrates sources 

(Keller et al., 2008; Oelmann et al., 2007; Smith & Kellman, 2011). While, others have 

qualitatively attributed these changes in values to denitrification, but did not quantify the amount 

of denitrification (Kellman, 2005; Kellman & Hillaire-Marcel, 2003; Ostrom et al., 1998). Here 

we show that field scale denitrification can be quantified by measuring nitrate concentration and 

δ15N and δ18O values at a high temporal resolution in drainage tile waters discharged from a corn 

plot in the Midwestern United States.  

5.3 Materials and Methods 

5.3.1 Site description 

The experimental plot used in this research is part of the Intensively Managed 

Landscapes-Critical Zone Observatory (IML-CZO) located in Monticello, IL (40.025611, -

88.661167) (Kumar et al., 2018). See supplemental information for an aerial image of the plot. 

The soil is a mixture of Ipava silt loam and Sable silty clay loam and the topography is nearly 

flat (0 to 2% slope) (USDA, 2017). The study site is a 6.75 hectares drainage area within a field 

that is 53 hectares. The drainage infrastructure consists of 5 individual 4-inch diameter perforate 

pipes, tiles, spaced ~25 meters apart and located ~1 meter below the surface. These funnel into a 

4-inch diameter main drain that discharges into an open drainage ditch. An automatic sampling 

system (ISCO 3700, Teledyne) collected discharge samples from the main tile drain, 10 meters 

upstream from the drainage ditch. Tile discharge samples were collected between May 1st and 

October 31st, 2016. A V-notch orifice weir was used to determine the main tile discharge rate. 
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The field receives no irrigation water, so the only water input at the study site was precipitation. 

Fertilizer was added during two periods. In the Fall of 2015, 179 kg N ha-1 of anhydrous 

ammonium was applied, and in the Spring of 2016, 50 kg N ha-1 of urea ammonium nitrate 

(UAN) was applied. The annual crop rotation employed at this site is corn, corn, soybean, and it 

was the second year of corn in 2016, which was planted in early May and harvested in late 

September. The tillage practiced at the study site was no till.  

5.3.2 Meteorological and Soil Data  

Meteorological and soil data at the site were collected between 5/1/16 and 10/31/16 at the 

study site. This included precipitation amounts using a rain gauge (Campbell Instruments, 

TR525I), atmospheric temperature, and humidity using a weather station (Decagon, VP-3) and 

2D wind speed using a sonic anemometer (Campbell Instruments, 05103-L) located 120 cm 

above ground. Tile discharge, specific conductance, water temperature and level were measured 

using two CTD-10 sensors (Decagon) located immediately up- and down-stream of the V-

notched weir. See supplemental information for how discharge rates were determined using 

pressure data. The NO3
- and NH4

+ wet deposition rates were determined using precipitation 

concentration data from the National Deposition Atmospheric Program (NADP) network (NADP 

Program Office, 2012) for Bondville, Illinois located 20 km away from the study site, multiplied 

by the on-site precipitation amounts. Dry deposition of nitrate (HNO3
 and NO3

-) and NH4
+ were 

estimated using the EPA CASTNET (USEPA, 2018) model (Bondville, IL site). Three soil 

probes (Decagon, 5 TE) were used to measured soil moisture and temperature at depths 5 cm, 20 

cm, and 60 cm below the surface. All field data were stored on data loggers (Decagon, EM50G 

and Campbell Scientific, CR1000) and uploaded hourly to the University of Illinois CLOWDER 

open source database (http://data.imlczo.org/clowder/). 
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5.3.3 Sample Collection and Storage 

Tile drain water samples were collected between 5/1/16 and 10/31/2016 during tile flow. 

Initially, the ISCO was programmed to collect samples every 3 hours if the tile was flowing. On 

8/3/2016 the ISCO was reprogramed to collect samples every 15 minutes during the storm events 

and every 12 hours during baseflow. Tile water samples were retrieved from the ISCO before the 

24-bottle carousel filled. After collection, the samples were filtered using a Nalgene 0.45 µm 

polypropylene filter, stored in pre-washed 125mL Nalgene bottles, and frozen until analysis.  

Geochemical and isotopic analysis was conducted on all tile discharge samples. All water 

samples were thawed at room temperature and a 5.0 mL aliquot of each sample was placed into a 

15 mL centrifuge tube and diluted to 10.0 mL using high-purity Millipore water. Anion 

concentrations were analyzed on an Alltech Ion chromatography (IC) instrument using 3.5 mM 

NaHCO3 + 1.0 mM Na2CO3 eluent and a conductivity detector. Standard error for this analysis 

was determined to be ± 3% based on replicate standard analysis. The δ18O values of tile drainage 

water were measured using a Los Gatos Research, Inc. (LGR) Liquid Water Isotope Analyzer 

(LWIA) at the Purdue Stable Isotope (PSI) Lab (Berman et al., 2013; Wassenaar et al., 2016). 

Frozen samples were thawed and again filtered (Nalgene 0.45 µm polypropylene filter), to 

remove any newly precipitated material, and 1.0 mL of sample was pipetted into a 1.5mL 

autosampler vial and capped. Ten injections of each sample were introduced to the LWIA. The 

first four are ignored, and the last six values are averaged. Three in-house water standards were 

used for calibration, and these were assigned values using USGS45, USGS46, and USGS47. The 

standard deviation for δ18O-H2O was ± 0.40‰. The δ15N and δ18O values of NO3
- were measured 

at the PSI lab using the bacteria denitrifying method (Casciotti et al., 2002). This method 

required approximately 500 nmol of NO3
- injected into a 12-mL airtight He-flushed vial, 

containing 1 mL of denitrifying bacteria (P. aureofacuens) and allowed to sit for 8 hours, at 
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room temperature (~20 oC), converting the NO3
- into N2O. The N2O in the vial’s headspace was 

extracted, concentrated, and purified using a custom-built automated extraction and gas 

chromatography system and then introduced into a Thermo Delta V continuous-flow isotope 

ratio mass spectrometer (CF-IRMS). Isotopic compositions were calibrated using 5 internal 

standards that were compared to NIST isotope reference nitrate USGS34 and USGS35 (Böhlke 

et al., 2003; Michalski et al., 2002). The standard deviations of our analysis are ± 0.50‰ for δ15N 

and ± 0.70‰ for δ18O. 

In the winter of 2018, a soil core was collected and analyzed. The core was collected using 

two soil core samplers (length = 0 to 25cm and 25 to 50cm, outer diameter = 2.54 cm), at two 

different depths, 0 to 25 cm and 25 to 50 cm from the surface. The intact soils were dried at 50 

⁰C in a drying oven for 5 days. After drying, the 25 cm cores were separated into 10-cm 

increments. The bulk soil δ15N, total carbon (%) and total nitrogen (%) were determined using a 

Sercon 20-22 isotope ratio mass spectrometer (IRMS) paired to a Sercon EA-CN 1 elemental 

analyzer and mass-corrected using three in-house soil standards which were calibrated relative to 

three reference materials from National Institute of Standards and Technology (NIST) (Apple 

Leaves 1515, USGS 40, Cystine 143d). 

5.4 Results  

5.4.1 Hydrology and Chemistry of Discharge Overview 

Increases in tile discharge generally corresponded with rain events (Fig 5-1A and B). 

However, increases in tile flow were not always proportional to the amount of precipitation, due 

to antecedent soil moisture conditions. For example, on 8/12 2.5 mm of precipitation produced a 

maximum flow rate of 0.010 m3/s, while on 7/28 15 mm of precipitation, 6 times the amount on 

8/12, produced the same flow rate. Over the entire sampling period there were three periods 
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when no tile flow was recorded. Between 5/28 to 6/3, no discharge data was recorded due to 

transducer malfunction, but the chemographs suggested that flow was occurring. During 6/15 to 

7/28, and 8/3 to 8/15 no tile flow occurred despite significant rainfall.  

During the entire study period, anion concentrations and isotope values in tile discharge 

varied considerably. Nitrate concentrations (n=506, were n is the total number of measurements 

made) ranged from 3 mg N/L to 32 mg N/L, with an average value of 18 ± 8 mg N/L. There was 

a clear reduction in the NO3
- concentrations between Spring and Fall, decreasing by ~21 mg N/L 

(Figure 5-1B). Both δ15N and δ18O values (n=309) of NO3
- had lower values in early Spring and 

transitioned to higher values over the growing season and into the Fall (Fig 5-2). Overall δ15N 

values average 5.2‰ ± 2.3 with a minimum of 0.1‰ and maximum of 13.5‰. While δ18O-NO3
- 

values average 4.7‰ ± 2.7 with a minimum of -1.1‰ and a maximum of 11.4‰. The 

concentration and isotope data show that there are four distinctive periods throughout the study 

(Fig 5-1A and B), that we will define as Spring (5/1 to 6/15), Transition (6/16 to 7/28), Summer 

(7/28 to 9/15), and Fall (9/15 to 10/31).  

The concentrations of nitrate (n=269) during the Spring were generally steady, with some 

variations. Nitrate concentrations averaged 25 ± 4 mg N/L with a maximum of 32 mg N/L and 

minimum of 5 mg N/L (Fig 5-1B). The δ15N and δ18O values of nitrate (n=110) during the 

Spring period were generally steady with minor variations (Fig 5-1A). δ15N values averaged 2.8 

‰ ± 1.2 with a maximum of 6.0 ‰ and minimum of 0.10 ‰. δ18O values averaged 1.4 ‰ ± 0.8 

with a maximum of 3.8 ‰ and minimum of -1.13 ‰. The correlation between δ15N and δ18O 

was weak (R2=0.27) with a slope of -0.40.  

Tile flow was absent during the Transition period, despite the occurrence of 12 

precipitation events (Fig 5-1A and B). These events produced a total of 186 mm of precipitation 
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with an average of 15.5mm ± 13.6. The largest of these events was on 7/24 when 46.5 mm of 

rainfall occurred. The absence of discharge recorded by the weir’s pressure transducers, the lack 

of samples collected by the ISCO autosampler, and no observed tile discharge during field visits 

during some of these events suggest this was not instrument malfunction but simply the absence 

of tile flow during this period. This type of behavior is known to occur in IML systems during 

months of peak crop growth when evapotranspiration rates are very high (David et al., 1997; 

Gentry et al., 1998; Keller et al., 2008; Kladivko et al., 1991). Evapotranspiration and plant 

transpiration rate in corn fields is greatest 70 to 100 days after planting, at the end of the 

vegetative stage and the beginning of the reproductive stage, with transpiration rates up to 8.1-

10.1 mm of water per day (Kimball et al., 2016; Licht & Archontoulis, 2017; R. L. B. Nielsen, 

2000). In the Midwestern US, this period occurs between the end of June to the beginning of 

August, which corresponds to the period of no flow at our IML site (Borah et al., 2003; Gentry et 

al., 2009; Lavaire et al., 2017). 

The nitrate concentration and isotope data show a dramatic shift in the Summer and Fall 

periods relative to the Spring. The concentrations of nitrate (n=152) during the Summer period 

were not steady and had large variations compared to Spring. Nitrate concentrations in summer 

were much lower compared to Spring, averaging 10 mg N/L ± 3 with a maximum of 16 mg N/L 

and minimum of 2 mg N/L (Fig 5-1B). The δ15N and δ18O values (n=138) during the Summer 

were not steady and had large variations compared to the Spring (Fig 5-1A). Summer nitrate 

δ15N values were higher relative to Spring, averaging 6.7‰ ± 1.4 with a maximum of 13.5‰ and 

minimum of 4.4‰ (Fig 5-1A). Summer nitrate δ18O values were also high relative to the Spring, 

averaging 6.4‰ ± 1.4 with a maximum of 11.4‰ and minimum of 3.7‰. There were three large 

discharge events in the Summer period and the evolution of δ15N and δ18O values during each of 
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these events are unique. This behavior is discussed later. The correlation of δ15N and δ18O was 

found to be weak with an R2=0.31, and a positive slope of 0.55. The nitrate concentrations (n=85) 

during the Fall period, similar to the Spring, had little variation (Fig 5-1B), averaged 11 ± 1 mg 

N/L, less than half the average concentration observed during the Spring, and had a maximum of 

14 mg N/L and minimum of 5 mg N/L. During this period tile discharge occurs continuously 

with only minor increases in discharge corresponding to precipitation. The δ15N and δ18O values 

(n=61) during the Fall, like the Spring, were generally steady (Fig 5-1A). δ15N values averaged 

6.2‰ ± 1.08 with a maximum of 9.1‰ and minimum of 4.3‰. δ18O values averaged 6.8‰ ± 1.0 

with a maximum of 8.7‰ and minimum of 4.2‰. Similar to the Summer period, the Fall δ15N 

and δ18O values were higher than Spring values. Unlike Spring and Summer there was no 

correlation between NO3
- δ15N and δ18O values (R2=0.009), The most noticeable feature in the 

Fall is the increased shift of δ15N and δ18O values relative to the Spring. A dual isotope plot (Fig. 

5-2) of tile nitrate shows that the Spring δ15N and δ18O values group differently compared to the 

Summer and Fall periods. The δ15N and δ18O values increased from an average of 2.8‰ and 

1.4‰, respectively, in the Spring to an average greater than 6.2‰ for δ15N and 6.4‰ for δ18O 

during the remainder of the study period. The slope of δ15N vs. δ18O values in all our samples is 

0.82 (Fig 5-2) a slope that we hypothesize represents a denitrification line.  
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Figure 5-1 (A) δ15N-NO3
- (red triangles) and δ18O-NO3

- values (blue circles) and precipitations 

amounts (black lines). (B) nitrate concentrations as N (purple diamonds), δ18O-H2O (orange 

squares), and tile flow (blue lines) throughout the year. Red lines separate each of the four 

periods (Spring, Transition, Summer, and Fall). 
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Figure 5-2 A dual isotope plot of tile drain nitrate and all potential sources of nitrogen within the 

experimental plot. Sources of nitrogen added directly to the land as NO3
- include atmospheric 

deposition (red box) and UAN (yellow box). The green and orange line are sources of reduced N 

added to the system that might be nitrified. The light blue box is the NO3
- δ18O values of 

nitrification assuming all oxygen in NO3
- was derived from H2O and the theorized δ15N isotope 

values of nitrate formed by nitrification of urea, NH4/NH3 and soil N. The red hollow circles are 

tile drain NO3
- δ15N and δ18O values in the Spring and the blue hollow circles are those in 

Summer and Fall. The solid blue square is the estimated starting value of δ15N and δ18O 

determined by mass balance of all inputs (see discussion). The solid black line with a slope of 

0.82 is the increase of NO3
- δ15N relative to δ18O. The arrows labeled nitrification and 

volatilization are the potential enrichment in δ15N that can occur by those processes. 
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5.5 Discussion 

5.5.1 Qualitative Evidence of Denitrification  

 
Figure 5-3 The δ18O-H2O vs. δ18O-NO3

- in tile discharge.  Nitrification using tile water as the 

oxidant source would produce δ18O-NO3
- values that follow the predicted nitrification line. 

Changes in tile δ18O-H2O are caused by a combination of variations in precipitation 18O values 

and 18O enrichment caused by evaporation. A shift to the right increases δ18O-NO3
-, with no 

change in H2O 18O, suggesting denitrification.  

 

A noticeable feature in the tile drain nitrate δ15N and δ18O plot (Figure 5-2) are the two 

distinct clusters of values, one in the Spring and the other Summer/Fall that we are interpreting 

as an isotopic shift caused by field scale denitrification over the growing season. The Summer 

and Fall nitrate have δ15N and δ18O values that are 4‰ and 6‰ higher, respectively, than nitrate 

in the Spring. Simultaneous increases in nitrate δ15N and δ18O values in IMLs have been 

attributed to both denitrification and source mixing (Keller et al., 2008; Kelley et al., 2013; 
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Kellman, 2005; Kellman & Hillaire-Marcel, 2003; Ostrom et al., 1998). In this discussion, we 

will use isotope and concentration mass balance to show that nitrate source mixing cannot 

account for this observed simultaneous shift. Further, we demonstrate that using known isotope 

systematics that the initial nitrate δ15N and δ18O values can be reasonably constrained and the 

observed δ15N can be used to quantify the amount of denitrification that occurred over the 

growing season.  

The first evidence that the two δ15N and δ18O clusters were caused by a denitrification 

isotope effect is the relationship between δ18O values of tile water and nitrate (Figure 5-3). 

Roughly 95% of nitrate within the field was produced from nitrification (see discussion below), 

and therefore nitrification controls the initial δ18O value of nitrate in the IML. Thus, knowing the 

δ18O of NO3
- produced by nitrification is key for interpreting the tile NO3

- δ18O data. The 

nitrification δ18O value will depend, in part, on the sources of oxygen used to oxidize NH4
+ to 

NO3
- during nitrification, which is from H2O and O2. The fractions (f) of oxygen incorporated 

into NO3
- during nitrification are commonly reported as fH2O = 0.67 and fO2 = 0.33 (Aleem et al., 

1965; Buchwald et al., 2012; Hollocher, 1984; Kumar et al., 1983; Yoshinari & Wahlen, 1985). 

However, this does not strictly hold, and fH2O values ranging from 0.66 to 1.00 have also been 

inferred (Buchwald et al., 2012; Kool et al., 2011; Snider et al., 2010). The variability in fH2O and 

fO2 values in field studies is likely a consequence of microbial diversity and complexity within 

soils as opposed to conditions in single-culture lab experiments (Buchwald & Casciotti, 2010; 

Casciotti et al., 2010; Kool, Wrage, et al., 2011). The nitrification δ18O value for this IML was 

determined experimentally (see supplemental information). Briefly, the experiment consisted of 

a series of incubations using an aerated IML soil amended with NH4
+ to promote nitrification 

and using water with different δ18O values. The nitrate concentration and its δ15N and δ18O were 
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monitored over the course of the experiment. The final δ18O-NO3
- was compared to the δ18O–

H2O and δ18O-O2 to determine the ratios of each source. The results showed that the δ18O-NO3
- 

produced from nitrification in this IML’s soil were proportional (1:1) to the value of δ18O–H2O 

with an offset of +5‰. The 5‰ offset is likely a consequence of kinetic or equilibrium 

fractionation factors associated with the stepwise oxidation process (i.e., Granger & Wankel, 

2016). These results are consistent with observation made by Snider et al., 2010, who measured 

fH2O of 0.84 to 0.96 in NO3
- from agricultural soils with offsets of +2.77 to +7.73‰. Therefore, 

the δ18O-NO3
- from nitrification within our IML was estimated by Eq. 2, which is shown in 

Figure 5-3 by a solid 1:1 line with an off set of 5‰.  

δ18ONO3 = δ
18O-H2O + 5‰ Eq. 2  

In this equation, δ18O-H2O is the δ18O value of the water used by nitrifying bacteria in the soil, 

which we have assumed is the water in the tile discharge.  

The tile discharge water δ18O values ranged from -7.3 to -4.5‰ during the study period 

(Figure 5-1B). Thus, the predicted δ18O-NO3
- values (from Eq. 2) should range from -2.3 to -

1.5‰. This “nitrification only” trend is not observed in the data (Figure 5-3). The variability in 

the δ18O values of soil H2O is driven by seasonal and event-based variation in the δ18O of 

precipitation, enrichment of soil water δ18O by evaporation, or a combination of the two (Gat, 

1998; Hsieh et al., 1998). However, since nitrification is using soil water (assumed to be 

identical to tile water), nitrification should still obey Eq. 2, since the tile water reflects both the 

input water δ18O value and any evaporation effect. Any data points to the right of the predicted 

nitrification line will have elevated δ18O-NO3
- values with respect to nitrification. We 

hypothesize that this shift could be due to either the additions of NO3
- from sources with elevated 

δ18O values, i.e. atmospheric deposition and UAN, or by an δ18O enrichment process affecting 
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soil NO3
-. 

To test the hypothesis that the shift of nitrate δ18O values to the right of the nitrification 

prediction line (Figure 5-3) was caused by the addition of NO3
- from atmospheric deposition or 

UAN, we used a simple three-component isotope mixing model (Eq. 3). 

δ18NO3
-(O) = fatmδ18O atm + fUANδ18O UAN + fN δ

18O N Eq. 3 

Where fatm, fUAN, and fN are the mole fractions of NO3
- from atmospheric deposition, UAN, and 

nitrification and the δ18O’s are the respective values of those sources. Atmospheric NO3
- may 

have a significant effect on the overall δ18O-NO3
- value, even when it’s a small fraction of total 

nitrate, because of its uniquely high δ18O value. Atmospheric NO3
- has δ18O values ranging from 

60 to 100‰, due to its formation by ozone oxidation of NOx (Hastings et al., 2003; Michalski et 

al., 2002, 2012). Likewise, NO3
- in UAN has a relatively high δ18O value that could potentially 

impact the δ18O value of tile NO3
- even at small molar fractions. Nitrate contained in UAN has a 

δ18O value of 23 ± 3‰ (Michalski et al., 2015), a result of oxidizing NH3 to NO3
- using 

atmospheric O2, which has a δ18O value of 23.5‰ (Dole et al., 1954). Taking the upper bounds of 

δ 18O for these two NO3
- sources and using Eq. 2, Eq. 3 becomes 

δ18NO3
-(O) = fatm(100‰)+ fUAN (26‰) + fN (δ

18O H2O + 5‰) Eq. 4 

The total amount of NO3
- added to the IML plot is needed in order to calculate the f values in Eq. 

4, which was determined by known N inputs and outputs. The atmospheric NO3
- inputs were 

calculated using weekly precipitation volumes multiplied by the nitrate concentrations (NAPD) 

to yield a weekly wet NO3
- deposition rate of 0.03 ± 0.03 kg N ha-1 for a total of 0.85 kg N ha-1 

over the study period. The dry deposition of nitrate (HNO3 and NO3
-) averaged 0.02 ± 0.01 kg N-

HNO3
 ha-1 week-1 and 0.001 ± 0.001 kg N-NO3

- ha-1 during the sampling period, for a total of 

0.63 kg N ha-1. UAN was added in May of 2016 as one a time application to the field of 117 
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liters ha-1 of 32% UAN (32% wt. of solution as N). The density of 32% UAN is 1.33kg/L 

yielding 0.43kg/L of total N of which 25% is NO3
-, for a one time addition of UAN NO3

- of 12.4 

kg N ha-1. The NO3
- added by nitrification was estimated using nitrate concentration and tile 

flows, assuming nitrification greatly exceeded atmospheric and UAN NO3
- and assuming a 

steady state over a short time frame (Eq. 5). 

𝛥𝑁𝑂3 𝑛𝑖𝑡𝑟𝑖𝑓𝑖𝑐𝑎𝑡𝑖𝑜𝑛
−

𝛥𝑡
 =  𝑃𝑟𝑜𝑑𝑢𝑐𝑡𝑖𝑜𝑛  –  𝐿𝑜𝑠𝑠 = 0=  𝑁𝑖𝑡𝑟𝑖𝑓𝑖𝑐𝑎𝑡𝑖𝑜𝑛 −  𝐿𝑒𝑎𝑐ℎ𝑖𝑛𝑔 −

 𝐷𝑒𝑛𝑖𝑡𝑟𝑖𝑓𝑐𝑎𝑡𝑖𝑜𝑛 −  𝑃𝑙𝑎𝑛𝑡 𝑈𝑝𝑡𝑎𝑘𝑒 Eq. 5 

Also, between 5/3 to 6/12 changes in nitrate concentrations with time were small regardless of 

the tile discharge rate (Figure 5-1), thus the steady state condition (dNO3
-/dt = 0) would appear 

valid during this interval. By setting denitrification and plant uptake loss to 0, equation 5 reduces 

to nitrification rate = leaching rate. These assumptions would predict the minimum nitrification 

rate. A total of 16.7 kg N ha-1 (as NO3
-) were leached over a 28-day period, resulting in a 

minimum nitrification rate of 3.5 kg N ha-1 week-1, or 14 kg N ha-1 of nitrate during the May-

June period, and 98 kg N (NO3
-) ha-1 for the entire study period. However, temperatures in early 

may were between 10 - 15°C, with temperatures increase to 25-30°C by the end of June, which 

can more than double the rate of nitrification (Sabey et al., 1956). Thus, the amount of N 

nitrification is likely closer to the amount of reduced N added (216 kg N (NH3)) (Chalk et al., 

1975). Therefore, each hectare will have nearly 230 kg N as NO3
- (216 kg N + 14 kg NO3

-). 

Using this total amount of NO3
-, the fatm, fUAN, and fN were determined and gauged for accuracy.  

If the total atmospheric NO3
- deposition was averaged over entire sampling period it 

would result in a fatm = 0.005 at the IML. This could only move the nitrate δ18O in Figure 5-3 to 

the right of the predicted nitrification line by maximum 0.5‰ (assuming atmospheric NO3
- δ18O 

= +100‰), significantly less than the observed ~4‰ and ~8‰ shifts observed in Spring and 
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Summer. This estimate of atmospheric deposition’s influence on nitrate δ18O assumes a constant 

deposition rate when in fact wet deposition, the main deposition component, is driven by 

punctuated events. The most intense nitrate deposition occurred between 8/23 to 8/30 when 

approximately 0.09 kg N ha-1 week-1 was added via wet and dry deposition, 3 times the weekly 

average. The fatm could be as high as 0.020 (0.09/(0.09+3.5) during this week that could produce 

a NO3
- δ18O excursion of up to a maximum 1.5‰, still much less than the observed 8‰ shift. In 

addition, the actual influence of atmospheric deposition on δ18O is likely significantly less for 

two reasons. First atmospheric δ18O values are most often not 100‰, but average closer to 70‰ 

in the Midwest (Hastings et al., 2003; Rihn, 2013). Second, the actual nitrification rate must be 

greater than 3.5 kg N ha-1 week-1 since we are not accounting for loss by denitrification or plant 

uptake, resulting in a smaller fatm. Regardless, the maximum 2.0‰ is a factor of 4 smaller than 

the observed nitrate δ18O shift in Figure 5-3, and we conclude that atmospheric nitrate cannot 

account for the deviation from the predicted nitrification line. 

If the total NO3
- added by UAN was averaged over entire sampling period it would result 

in a fUAN = 0.05 at the IML and could shift the NO3
- δ18O by 1.3‰. This, however, assumes that 

the fUAN from the May UAN addition did not change over the study period, which would be 

highly unlikely given its high solubility and bioavailability. If we instead assume that any UAN 

NO3
- would have been leached during May then fUAN = 0.47 and fNitri = 0.52. This could have 

increased the tile NO3
- δ18O values by about 10‰. Such an increase was not observed in our 

May data (Figure 5-1) and suggests that either the nitrate from UAN leached slowly, was utilized 

by plant growth, was denitrified, or the rate of nitrification was greater than 3.5 kg N ha-1 week-1, 

or some combination of all these effects, which would result in a smaller fUAN value. The latter 

option seems most probable. While UAN may account for some of the nitrate δ18O shift (Figure 



118 

 

 

 

5-3) from the nitrification line in the Spring, its importance would have diminished over the 

course of the growing season since it was a one-time application. We therefore conclude that the 

UAN nitrate source cannot explain nitrate δ18O shifts observed in the Summer and Fall. 

A majority of NO3
- observed in the field was from nitrification because of the 230 kg N ha-1 

added, 216 kg N ha-1 N was added is as urea (24.8) and NH3/NH4
+ (192 kg N ha-1) that can easily 

undergo nitrification to NO3
-. These sources, without considering organic N which would 

increase fnitri, total to a fnitri = 0.95 (95%) (furea = 0.11, fNH4 = 0.84), therefore the observed δ18O-

NO3
- should Fall along on the predicted nitrification line. The initial observed Spring values are 

shifted right (isotopically heavy) from the predicted nitrification line and while ±1.25‰ of this 

variation can be contributed to the δ18O-H2O, the rest must be attributed to denitrification.  

Since nitrate source mixing cannot adequately explain the shifts in nitrate δ18O values in 

the Summer/Fall, biogeochemical processes within the soil must be causing it. Two of the major 

NO3
- loss processes, leaching and plant uptake, do not change the remaining nitrate δ18O or δ15N 

values (Högberg, 1997). Denitrification, however, has a KIE occurring at the enzyme level 

(Granger et al., 2006, 2008) leading to 18O and 15N enrichment. Thus, we can qualitatively 

attribute the increase in NO3
- δ18O values in Summer and Fall to field-scale denitrification. The 

further right any data point lays from the predicted nitrification line indicates that particular 

sample underwent more relative denitrification. The data implies that, in general, the fraction of 

denitrification was higher in the Summer/Fall relative to the Spring, and that a significant shift in 

δ18O occurred from denitrification after the extended period without tile flow. This demonstrates 

that a plot of NO3
- and H2O δ18O values in tile discharge is good qualitative indicator of field-

scale denitrification assuming the fractions and δ18O values of other NO3
- sources and the 

relationship between nitrification and to H2O δ18O values are well constrained.  
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The increase in δ15N values of tile discharge NO3
- also support this qualitative 

interpretation of field scale denitrification. During the study period, nitrate δ15N values were 

greater in the Summer/Fall than in the Spring (Figure 5-2). Studies have shown that increases in 

δ15N in soil can be due to denitrification (Knöller et al., 2011; Mariotti et al., 1981; Menyailo & 

Hungate, 2006). Others have cautiously come to similar conclusions (Kellman 2004; Ostrom, et 

al. 1998; Kellman & Hillaire-Marcel 2003) suggesting that elevated soil nitrate δ15N values are 

indicators of denitrification. Ostrom et al. (1998) noted that N isotope data “can provide 

considerable insight into microbial processes in soil” and “it may be this line of research that will 

be most fruitful for researchers using this technique”. Meanwhile Kellman & Hillaire-Marcel 

(2003) concluded that “results also point to the potential for using NO3
- N isotopes to examine 

other biogeochemical transformations processes such as denitrification”. 

It is unlikely that the observed nitrate δ15N increase in our IML is source related because 

of the concordat increase in the δ18O values. Spring nitrate δ15N values (~2‰) fall within 

expected values for complete nitrification of anhydrous ammonium. The Summer and Fall δ15N 

values (~6‰), however, are similar to soil N δ15N values. This change could be due to a shift 

from nitrification of NH4
+ in the Spring to mineralization and nitrification of soil organic N in 

the Summer and Fall. However, nitrification would incorporate the same soil water regardless of 

whether the N source was NH4
+ or organic N, and δ18O-H2O of tile flow suggest little change in 

soil water throughout the seasons. The only scenario that can explain the simultaneously 

movement of nitrate δ15N and δ18O to more positive values in the Summer and Spring is 

denitrification. Smith and Kellman (2011) observed a similar simultaneous increase in δ15N and 

δ18O in tile drained IML in Canada but attributed it to source mixing, not denitrification. This 

conclusion was based on their observed Δδ15N:Δδ18O ratio of 2.2:1 that did not match the 



120 

 

 

 

commonly reported 2:1 ratio for denitrification (Bottcher et al., 1990; Aravena and Robertson, 

1998; Kendall, 1998). However, subsequent studies have shown denitrification induces a broad 

range of Δδ15N:Δδ18O ratios from 1:1 to 2.1:1 (Aravena & Robertson, 1998; Baily et al., 2011; 

Cey et al., 1999; Kendall & Aravena, 2000; Knöller et al., 2011; Mengis et al., 2005). This wide 

range of values maybe the result of various isotope selectivity of denitrifying bacteria 

populations (Granger et al., 2008; Lehmann & Schroth, 2002; Wang et al., 2018). Our observed a 

ratio of 1.2 is within this range and our constraints on source NO3
- δ18O values and fractions 

show it cannot be the result of mixing, so we attribute this Δδ15N:Δδ18O to denitrification. While 

several IML studies have inferred denitrification using nitrate stable isotopes, to our knowledge 

none have utilized these measurements to quantify the denitrification, which we attempt using a 

simple Rayleigh model.  

5.5.2 Rayleigh Distillation Model 

A Rayleigh distillation model was used to predict partitioning of isotopologues as a 

function of the fraction of NO3
- lost during denitrification. In an open denitrification system, 

where the product N2 does not revert back to reactant NO3
-, the final δ15N value of NO3

- is a 

function of the amount of denitrification, which can be determined by (Eq. 6).  

δ15N f = δ15N 0 + 15εdenitri ln fremain Eq. 6 

Where δ15Nf is the δ15N value of the remaining (final) nitrate after some fraction has been lost to 

denitrification, δ15N0 is the δ15N value of the initial nitrate, 15εdenitri(‰) is the denitrification 15N 

enrichment factor ((α-1)*1000), and fremain is the fraction of the initial NO3
- remaining in the soil. 

Equation 6 can be rearranged (Eq. 7) to determine the fraction of loss from denitrification. 

𝑓𝐿𝑜𝑠𝑡 = 1 − 𝑓𝑟𝑒𝑚𝑎𝑖𝑛 = 1 − 𝑒

𝛿15𝑁𝑓−𝛿
15𝑁0

15𝜀𝑑𝑒𝑛𝑖𝑡𝑟𝑖  Eq. 7 
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This open Rayleigh model was used to estimate field scale denitrification by measuring the δ15N 

values of nitrate in tile discharge over time (δ15Nf), determining the 15εdenitri value of 

denitrification, and estimating the initial δ15N0.  

The denitrification enrichment factor (15εdenitri) can have a wide range of values, from 0‰ to -

34‰ (Vogel et al, 1981, Mariotti et al 1988; Bottcher et al 1990, Mengis et al 1999, Fukada, 

2003, Wexler et all 2014, Ji et al. 2017. Osaka 2018, Brandes and Devol 1997, Blackmer and 

Bremner 1976). This range in enrichment values is attributed to the diversity of denitrifying 

bacteria in different systems, environmental conditions, and sediment matrixes (Knöller et al., 

2011, Mariotti 1981). We carried out denitrification incubations experiments using our IML soil 

and determined a 15εdenitri = -15‰. (see supplementary). This enrichment factor falls within the 

15εdenitrif values of most soil studies that range from -8‰ to -17‰ (Osaka, 2018 and Blackmer 

1976; Wellman et al. 1968; Delwiche and Steyn 1970; Barford et al. 1999, Miyaka and Wada 

1971; Blackmer and Bremner 1977; Mariotti et al. 1981). Therefore, we used 15εdenitri = -15‰ to 

solve in Eq. 7. 

Similar to our δ18O isotope mass balance, the initial NO3
- δ15N value was calculated using 

isotope mass balance (Eq. 8). For the δ15No calculation, we first split into fractions of soil NO3
- 

that was added as NO3
- (fNO3) and that derived from N that was then oxidized to NO3

- (fN) and 

15εnitrif is the enrichment factor for nitrification. 

δ15N (NO3
-)0 = fNO3 δ

15N(NO3-) + fN (δ15N(N) + 15εnitrif) Eq. 8 

The fNO3 = fNO3atm + fUAN were quantified above and the average fNO3 was ~ 0.05 for the study 

period, and fN ~0.95. The initial δ15N(NO3-) and δ15N(N) values in Eq. 8 were the estimated using 

similar isotope mixing models (equation 9 and 10) 

δ15N(NO3-) = fNO3atm δ15N NO3atm + ffert δ
15N NO3fert Eq. 9 
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δ15 N (N) = fNH3atm δ15N NH3atm + fNfert (δ
15N Nfert + εvolit) + fSoil N δ15NSoil N Eq. 10 

The δ15N NO3atm and δ15N NO3fert values and f’s used in Eq. 9 were based on observations or 

literature values. The δ15N values of NO3
- and total N contained in UAN used by Midwestern US 

farmers averages value of 0.2 ± 3.6‰ (Michalski et al., 2015) and -0.2 ± 2.1‰ (Bateman & 

Kelly, 2007; Vitòria et al., 2004) respectively. Thus, we will use a value of 0.0 ± 3.6‰ for the 

δ15N of all N fertilizers. As noted above, the atmospheric NO3
- deposition was 1.48 kg N ha-1 and 

NO3
- from UAN was 12.4 kg N ha-1 for a total of 13.9 kg N ha-1 added as NO3

-. This yields fatm = 

0.11 and fUAN = 0.89. The δ15NNO3atm was assumed to be -2.0‰ ± 6, on based on δ15N values 

measured in wet depositions (Elliott et al., 2007; Freyer, 1991; Garten, 1992). This results in an 

estimated δ15N(NO3-) = 0.0‰ for Eq. 9.  

The δ15NNH3atm, δ15NNH4+fert, and δ15NSoil N values used in Eq.10 values were based on 

observation or literature values. A δ15NNH3 = -5.0‰ ± 5 was based on wet deposition 

measurements (Garten, 1992; Heaton, 1986). The δ15NSoil N = 5.7‰ ± 0.3 was based on our 

measured soil core N. The δ15NNfert was set to 0.0‰ ± 3.6‰ from measurements by (Bateman & 

Kelly, 2007; Otero et al., 2004; Michalski et al., 2015). There is a large 15εvolit (~30‰) associated 

with NH3 volatilization that may enrich residue NH4
+ if volatilization occurs (Högberg, 1997). 

This would happen during the brief period after NH3 injection in the Fall. Ammonia loss through 

volatilization is minimal if soils are moist, regardless of temperature, but even less occurs at low 

temperatures (Overdahl & Rehm, 1990; Sommer & Christensen, 1992). After injection, NH3 is 

rapidly hydrolyzed to NH4
+, this binds to the negatively charged clay soil particles through 

cation ion exchange (Benke et al., 2012). Soil moisture data (Fig 5-4A) shows that during the 

dates of injection moisture content was high and temperatures were cool, suggesting there was 

minimal loss through NH3 volatilization post injection. In a study on anhydrous ammonia 
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volatilization losses after injection, Sommer & Christensen, (1992) found less than 3% of 

ammonia was lost by moist soils. From this, we estimate there was only a trivial loss by 

volatilization, therefore 15εvolit was ignored. This leads to Eq.11 

δ15 N (N) = fNH3atm (5.0‰) + fNfert (0‰) + fSoil N (6‰)  Eq. 11 

In order to evaluate the f values in Eq. 10 and 11, the total non-nitrate N added to the field was 

evaluated. The ffert in Eq. 10 includes anhydrous ammonia, Urea-UAN, and NH4
+-UAN. 

Likewise, fNH3atm includes both NH3 and NH4
+ deposition. NH3 and NH4

+ was added to the field 

by wet and dry deposition and was calculated using the same EPA CASTNET and NADP 

databases and methods to determine NO3
- deposition. Atmospheric NH3 added 0.003 ± 0.001 kg 

N ha-1 week-1 by dry deposition and 0.06 ± 0.06 kg N ha-1 week-1 by wet deposition for a NH3 

total deposition of 1.68 kg N ha-1 over the study period (93% from wet deposition and 7% from 

dry deposition). The total non-nitrate N added as fertilizer was 216 kg N ha-1 (24.8 kg N ha-1 as 

urea, 12.4 kg N ha-1 as UAN NH4
+ and 179 kg N ha-1 of anhydrous ammonium).  

Based on Fall and winter soil conditions we hypothesize that most of the anhydrous 

ammonia applied in the Fall remained within the soil until Spring, when nitrification begins to 

occur. Nitrification is a temperature dependent process, and studies have shown that nitrification 

rates decrease dramatically below 10⁰C until they are inhibited at freezing temperatures 

(Grundmann et al., 1995; Hwang & Oleszkiewicz, 2007; Sabey et al., 1956). The soil 

temperature at the knifing depths where anhydrous ammonia is applied at our site stayed below 

10⁰C from late November to mid-April, except for a few days in December (Fig 5-4A). 

Additionally, anhydrous ammonium is toxic when injected into the soil, reducing the population 

of nitrifying bacteria (Eno et al., 1954; Overdahl & Rehm, 1990) thus nitrification would have 

been suppressed by ammonia toxicity early in the year. Based on these factors, we conclude that 
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minimal nitrification occurred prior to mid-April, but occurred rapidly once soil temperatures 

exceed this 10oC threshold. For example, it has been shown that 73-96% of added NH3 will be 

nitrified within 20 days when soil temperatures exceed this 10oC threshold (Chalk et al., 1975; 

Sabey, 1968; Welch, 1969). In total, 218 kg N ha-1 was added to the soil directly as new reduced 

N. If soil mineralization is ignored (fSoil N), this yields fNH3atm = 0.008 and ffert =0.99, and thus 

fNH3atm can be ignored and Eq.11 reduces to 

δ15 N(N) = ffert (0‰) + fSoil N (6‰) =   fSoil N (6‰) Eq. 12 

It is apparent from Eq. 12 that fsoil N, soil N that is mineralized to NH4
+, which is difficult 

to quantify, will ultimately control the δ15N(N) value. This difficulty is driven by soil 

heterogeneity which vary dramatically even within a 2m2 plot (Stoyan et al., 2000). Hubner et al 

(1991) found that soils growing maize and treated with 180 kg N ha-1 yielded an average of N 

mineralization rate of 0.34 kg N ha-1 d-1, which predicts a total of 61 kg N ha-1 in our field. 

Likewise, Mary and Recous (2002) found a rate of 0.33 kg N ha-1 d-1 in a wheat field receiving 

an organic slurry. Based on these considerations the fsoil (N) soil was estimated to be 0.21.  

From these considerations, Eq. 8 was reevaluated (Eq.13) 

δ15N (NO3
-)0 = fNO3 δ

15N(NO3-) + fN (δ15N(N) + 15εnitrif) = .05(0.0‰) + 0.95(1.3‰ + 15εnitrif) ≈ 1.2‰ 

+ (15ε) Eq. 13 

where 15εnitrif are the enrichment factor for nitrification, which suggests that the δ15N (NO3
-)0 may 

be sensitive to 15εnitrif. Over 95% of nitrate in this IML was formed through nitrification and lab 

studies have shown the value of 15εnitrif to range from -36‰ to -15‰ (see Högberg, 1997). This 

unique (εnitrif) signal was never observed in the tile drain nitrate, the lowest δ15N value was -

1.1‰. Furthermore, εnitrif is not observed in other field studies with ammonium as the main N 

source (Kellman, 2005; Kellman & Hillaire-Marcel, 2003). Therefore, its absence is likely 
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because nitrification is not the rate limiting step, rather it is desorption of NH4
+ from clay 

(Högberg, 1997; Scherer, 1993). The desorption of NH4
+ from clay is difficult because it does 

not readily exchange with other cations and induces only a small isotopic fractionation (<0.5‰) 

(Freney & Simpson, 1983; Högberg, 1997; Scherer, 1993). Thus, we hypothesize that 

equilibrium between pore water and clay bound that NH4
+ is established, and that the pore NH4

+ 

is completely nitrified to NO3
- on a short timescale, thus there would be no isotope enrichment 

associated with nitrification. If nitrification were incomplete, then reactant NH4
+ and the 

nitrification intermediate NO2
- would be present in the tile discharge. Both of these ions were 

absent in the IML tile discharge and is evidence that complete nitrification of desorbed NH4
+ 

occurred supporting the rate limit hypothesis. Based on this logic we assume that in 15εnitrif ≈ 0 

(Eq.13) and the δ15N (NO3
-)0 ≈ 1.2 ‰, which is close to the Spring tile NO3

- values. This 1.2 ‰ 

value δ15N (NO3
-)0 was used in Eq. 7 to calculate fLost. 

 

Figure 5-4 The study site’s soil temperature (A) and soil moisture (B) at three depths (5cm, 20cm 

and 60cm) over a year. 
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The Rayleigh model (Eq. 7) was used to quantify the total amount of N lost via 

denitrification. The model inputs, δ15N0 = 1.2‰, 15εdenitri = -15‰, and the tile nitrate δ15Nf values 

were used (Eq. 7) to determine the flost of nitrate via denitrification. These fractions were then 

used with NO3
- concentrations and discharge to quantify total N loss (Eq. 14 and 15).  

QL = [NO3
-] * TF *Δs Eq. 14 

NO3
- denitrified (kg N ha-1) = ∑ (QL / (flost)) – QL Eq. 15 

Where QL is the quantity of nitrate lost (kg N), [NO3
-] is the nitrate concentration (kg N L-1), TF 

is the average tile flow (L/s) in the interval Δs (the interval between sampling time in seconds) 

and flost is the fraction of nitrate lost by denitrification. The amount of N lost by denitrification 

between each sampling interval, and the cumulative N loss over the study period, are shown in 

Figure 5-5. 

The model predicts that a total of 7.6 ± 2.1 kg N ha-1 was lost by field scale 

denitrification during the entire study period, 3.3% of the total N input. This estimated amount of 

denitrified nitrogen agrees well with values by Liang & Mackenzie, (1997) in a sandy clay loam 

in Canada growing corn who reported losses of 4 to 8 kg N ha-1 from April to November in fields 

receiving N fertilizer at 170 to 400 kg N ha-1. Our amounts of denitrification also agree with 

Nishio, (2002) who found that between <2 to 12% percent of fertilizer N was lost in a study of 

four different Japanese soils. Sainz Rozas et al, (2004) also reported similar N loss by 

denitrification (3.1 to 6.8%) in an Argentina soil. On the other hand, our findings are smaller 

than estimates by Ryden (1981) who determined losses of 11 to 29 kg N ha-1 and Colbourn and 

Dowdell (1984) who estimated denitrification losses of 18 to 38 kg N ha-1. These differences 

maybe attributed to soil type and management and environmental differences. In the Ryden 

(1981) study, plots received between 250 and 500kg of N ha-1 in over 4 different application, and 
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soil moisture was greater, particularly during the highest temperature. The total N balance 230 kg 

N was added as fertilizer, 31 ± 0.9 kg N ha-1 was leached, 195 kg was removed by corn uptake 

(determined using average N removal per bushel of corn and the average bushel harvest per ha in 

Illinois for 2016, see supplemental for calculation), and 7.6 kg N ha-1 was lost by denitrified. 

This results in a net loss of 2.7 +/- 2.0 kg N ha-1 of N from the field. This agrees well with 

research that suggest IML fields under constant management are in N equilibrium without 

obvious accumulation or loss of N (Cassman & Walters, 2002). 

The amount of denitrification varied from Spring to Fall. We find that a total 2.0 kg N ha-

1 was lost in the Spring at a daily rate of 43.5 g N ha-1 d-1, 4.8 kg N ha-1 in the Summer at a daily 

rate of 98.0 g N ha-1, and 0.9 kg N ha-1 in the Fall at a daily rate of 19.2 g N ha-1. All seasonal 

denitrification rates match well which with those by Elmi et al., (2000), whose measured 

denitrification rates by measuring evolved gases from soil cores. In total we find that 38.7 kg N 

ha-1 or 16.6% of applied N was loss by leaching and denitrification, a value much lower than 

Sainz Rozas et al (2004) who measured between 33 and 36% of N loss. Of this 16.6% loss in our 

field, over 80% (31 kg N ha-1) was from leaching. Yet, our leaching amounts are low compared 

to values by Randall (2001) who saw 214 kg N ha-1 over a 4-year period. However, as observed 

by Frankenberger et al, (2004) leaching is heavily dependent on, crop, drain spacing, tillage, 

fertilizer N, fertilizer amounts, and precipitation amounts, thus comparisons of leaching much be 

used cautiously. 

We emphasize that nitrogen loss by dentification estimated using the Rayleigh model is a 

function of both f and the NO3
- flux. For example, the higher NO3

- flux in the Spring corresponds 

to a significant amount of N loss by denitrification (2.0 kg N ha-1), despite low fractions of NO3
- 

loss. The large variation in δ15N and δ18O values during the Spring suggest coupling of 
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denitrification and nitrification, as denitrification would cause an increase in δ15N and δ18O 

values.  

Ultimately, this could result in the underestimation of N denitrified. However, this 

underestimation is partially made up by the increase in nitrate flux caused by high nitrification 

rate. During this period nitrate concentrations increase, a trend not seen in any other period. Thus, 

despite the low f values (0.1 to 0.25) in Spring, the high concentration result in over twice as 

much N loss compared to Fall when high f values (0.20 to 0.40) are observed.  

 
Figure 5-5(A) The fraction of nitrate loss through denitrification by the Rayleigh isotopic 

distillation model. Error bars are every other measurement point. (B) The cumulative loss of 

nitrate through leaching (red squares) and denitrification (blue diamonds) over the season. The 

grey area represents the error. The absence of data around 6/1 in figure 5B is due to no tile flow 

data collection 
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The Rayleigh model predicts the largest fraction of denitrification loss (nearly 60%) in 

the beginning of the summer period, when tile flow returned after a 43-day absence. After this 

period, the average nitrate concentrations decreased by 20 mg N/L relative to the average Spring 

concentration and the δ15N and δ18O values increased by 3‰ and 4‰. The cause of this high 

fraction of denitrification loss could be the result of 1 of 5 different scenarios. 1) denitrification 

has increased, and nitrification has remained the same 2) denitrification has remained the same 

but nitrification has decreased 3) denitrification has increased and nitrification has decreased 4) 

both denitrification and nitrification have increased but denitrification has increased more than 

nitrification to have a greater rate 5) both denitrification and nitrification have decreased but 

nitrification has decreased more than denitrification. Based on the time of year and results by 

Chalk et al. (1975), who found that applied ammonia was nitrified 1 to two months after 

application. Thus, the nitrification rate likely decreased and cases 1 and 4 can be eliminated. 

Additionally, from Spring to Summer soil temperatures increased while soil moisture at 20 cm 

depth remained the same, and with denitrification being dependent on these two factors we 

hypothesis that denitrification would have increased (Baker et al 2010; Pilegaard, 2013). Thus 

cases 2 and 5 can be eliminated leaving case 1 that denitrification rate has increased while 

nitrification has decreased.  

Fall had the highest fraction of denitrification (0.3) but the lowest amount of total 

denitrification (0.9 kg N ha-1), a result of low nitrate concentrations (12 mg N/L). This is likely 

due to the confluence of corn senescence, lower soil temperatures in the Fall, and a shift in soil N 

availability. Corn senescence provides a carbon source, reducing available inorganic N as 

mineralization decreases and immobilization increases (Recous et al., 1995). Meanwhile the 

reduced temperature of the Fall causes all soil microbial processes to slow, including nitrification 
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and denitrification. Reduced nitrification and mineralization will provide limited nitrate for 

denitrification allowing denitrification to easily cause large fractions of loss. However, the cooler 

temperatures will also reduce the rate of denitrification. Overall what is observed scenario 5 from 

above where a large faction of loss caused by limited denitrification due to low concentrations 

from limited nitrification.  

The overall uncertainty for our model for fraction loss (f) and kg N denitrified ha-1 can be 

seen in figure 5-5. This maximum uncertainty for fraction loss was 0.11 and the highest 

uncertain for kg N denitrified ha-1 was 2.1. This uncertainty is due to the propagation of error 

from δ15N0, δ
15Nf, 

15εdenitri, and QL. The uncertainty of δ15Nf and QL were based on analytical 

error and was ±0.5‰ and ±3% respectively. The 15εdenitri was ±4‰ and based on deviation in the 

literature for 15εdenitri soil. δ15N0 was calculated using initial measure value in combination with 

the initial N mixing ratios performed above from this is was determined the standard deviation of 

δ15N0 could be ± 2.0‰. Simulations using high and low values were then run to calculate error in 

f loss and amount denitrification. Sensitivity testing showed that the overall error of fraction loss 

and amount of N denitrified was strongly controlled by δ15N0. However, the standard deviation of 

15εdenitri also contributed to error. 

5.6 Conclusion 

In this study, the amount of denitrification was estimated from the stable isotopes of δ15N 

and δ18O which are steadily enriched from initial Spring values of 1.2‰ and 0.5‰ to Summer 

highs of 13.5‰ and 11.2‰, respectively. Isotopic increases are often accompanied by decreases 

in NO3
- concentrations, Spring highs of 27 mg N/L to Summer lows of 3 mg N/L, qualitatively 

demonstrating denitrification. The amount of N denitrified was quantified via a Rayleigh isotopic 

distillation model and estimated at 7.6kg N ha-1 or 3% of added N loss by denitrification.  
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Our estimates of N loss by denitrification in this IML using nitrate δ15N and δ18O values 

can help resolve the uncertainties of field scale denitrification. Our denitrified N loss values are 

in agreeance with our N balance as well as values measured by Sainz Rozas et al, (2004) and 

Nishio, (2002), and overall suggest that denitrifying conditions were not readily present within 

our field. Other studies growing corn and receiving similar amount of N fertilizer estimated 

losses of 30 kg N ha-1 by denitrification (Liang & Mackenzie, 1997). These differences can be 

attributed to form and application rates of N, climate differences, and stage of corn growth 

during events.  

The research demonstrated that both δ15N and δ18O values of nitrate were required to 

reduce the uncertainty when determining the fraction of N loss by denitrification. Many studies 

that have used nitrate δ15N values did not reach definitive conclusions about whether 

denitrification was present, let alone quantify the amount. The nitrate δ15N shift to higher values 

in the Summer/Fall in our IML could have been attributed to a shift towards nitrification of 

mineralized soil N. We were able to exclude this by using the nitrate δ18O values, because they 

are independent of the source of reduced N used by nitrifying Bactria. In doing so we were able 

to use the well-defined 15εdentrif and the Rayleigh model to quantify the fraction of nitrate lost to 

denitrification. This would not have been convincing without the nitrate δ18O measurements, 

which reinforces the power of the dual isotope ratio approach. 

The dynamical nature of δ15N and δ18O values of nitrate during individual storms and over 

the entire season highlights the limitation of applying simple mixing models to N in some 

ecosystems. Our detained isotope and mass balance showed that, in this IML, nitrification was 

nearly the sole source of NO3
- in the tile discharge. Using the tile discharge nitrate δ15N and δ18O 

values as “end-members” in simple linear mixing models or Bayesian models, which are often 
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used as a statistical “black box”, would have suggested source mixing, when the entire isotope 

variation can be attributed to subtle differences in proportions of nitrification and denitrification. 

This suggests that incorporating isotope effects into process based N cycling module contained 

in hydrologic models might be a more useful tool to understand N cycling than using purely 

statistical approaches. 

This research has also demonstrated that to effectively use nitrate δ15N and δ18O values to 

assess field scale denitrification that collecting other, complimentary data, is essential. 

Monitoring nitrate concentrations at high temporal resolution was shown to be important. This is 

because of the heterogeneity of denitrification and nitrification in time and space (Groffman et 

al., 2009; T. H. Nielsen & Revsbech, 1998). Changing nitrate concentrations as a function of tile 

discharge time, and amount, reflects this heterogeneity, and this information would be lost 

collecting monthly or total event samples (Brouder et al., 2005; Kellman & Hillaire-Marcel, 

2003). Based a number of studies, it is becoming apparent that the δ18O value of nitrate produced 

by nitrification is ecosystem dependent (Kool et al., 2011; Kool et al., 2007). Since nitrification 

is usually the main source of NO3
-, particularly in IMLs, an experimental determination of 

nitrification δ18O would be essential for assessing denitrification using δ18O and δ15N.  Given this, 

it is therefore critical to determine the δ18O value of the tile discharge water, since that is used 

during soil nitrification and controls the nitrification δ18O value (Mayer et al., 2001). Using 

modeled or archived δ18O value of precipitation introduces uncertainty because precipitation 

δ18O values can vary significantly between events and evaporation can modify the initial 

precipitation δ18O, factors that are avoided by measuring the tile water δ18O value (Bowen & 

Revenaugh, 2003; Craig et al., 1963; Gat, 1996). Monitoring the N deposition flux was shown to 

be important for assessing whether it is a significant fraction of N input to an ecosystem. In this 
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IML it was shown to be trivial, but this may not be true in natural ecosystems (Fenn et al., 2003). 

Because a fraction of N deposition is NO3
-, determining its δ18O value can be useful for 

minimizing the uncertainty when determining the fraction of atmospheric NO3
- input to an 

ecosystem. For example, a measured range of 50-65‰ will have less uncertainty in the fatm factor 

compared to using the 30-100‰ range published in the literature that may not be relevant to the 

ecosystem of interest (Michalski et al., 2012). We showed that not only were the fertilizer N 

application amounts important, but also its chemical form (i.e. UAN, NH3) and the timing of 

application were relevant. While it was not important in our IML, nitrate contained in fertilizers, 

like UAN and NH4NO3, have elevated δ18O values that might be useful for tracing their transport 

through other IMLs (Michalski et al., 2015). On the other hand, they obfuscate attempts to use 

δ18O to infer denitrification. Thus, we have demonstrated that if these other data types are 

collected, along with determining the nitrate δ15N and δ18O values in discharge, researchers can 

potentially evaluate denitrification loss of N at field, or even watershed, scale, something that has 

thus far been elusive. 

Given the power of the dual isotope ratio approach for quantifying field scale 

denitrification, future research aimed at reducing the uncertainties in this approach are warranted. 

Though several studies have investigated the 18O composition of NO3
- during nitrification, 

ambiguity still exist especially within soil nitrification were only a few studies have been 

performed with varying fH2O , from 0.32 to 1 (Kool, 2011; Mayer et al., 2001). Likewise, 

constraints are needed on the 15εdenitri of soil as value range wildly from -7‰ to -20‰, and 

Rayleigh models are heavily dependent on these values (Osaka et al., 2018). This research was 

able to limit these uncertainties by incubation experiments. Furthermore, a comparison study of 
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different methods used to quantify denitrification needs to be performed as simple method 

comparisons to other studies is limited by plot and climate differences.  
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 CONCLUSION AND FURTURE DIRECTIONS  

The research within this dissertation focused on improving our understanding of the stable 

isotopes of nitrate within Midwestern soils and their ability to be used as tracers to source and 

assess microbial processes within soil, particularly nitrification and denitrification. Determining 

the 15ε during both denitrification and nitrification in Midwestern soils is an advancement 

because most studies have focused primary on pure bacteria cultures or denitrification and 

nitrification occurring in marine environments. The few studies on the 15ε of nitrification and 

denitrification within soil systems, report a large range of values, and are limited. This 

dissertation uses the observed δ15N and δ18O values of nitrate to evaluate microbial soil 

denitrification and nitrification.  

6.1 15εNO3
-
/NH4

+ of nitrification and source of oxygen  

The 15εNO3
-
/NH4

+ was determined for nitrification occurring within a Midwestern 

agricultural soil. Also, the sources of oxygen used during the oxidation of NH4
+ during 

nitrification was determined under several incubations using three isotopically different H2O. In 

each of these incubations, the nitrogen isotopes in NO3
- produced from NH4

+ were isotopically 

light yielding 15εNO3
-
/NH4

+ = -25‰. The negative δ15N values of NO3
- produced during 

nitrification is a result of enzymes favorably oxidizing 14NH4
+ compared to the heavier 15NH4

+. 

This isotopic enrichment is important because the δ15N is also used to differentiate between NO3
- 

from manure, fertilizer NH4
+, and soil N. For example, nitrate formed from nitrification of NH4

+ 

that has a δ15N value of -25.46‰, similar to manure, could show NO3
- δ15N values near 0‰ and 

without considering the 15εNO3
-
/NH4

+, this nitrate could be misinterpreted to be from soil N or 

NH4
+ fertilizer (15N = 0‰). 
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The incubations showed that the δ18O value of NO3
- from the nitrification NH4

+ was 

reflected in the δ18O value of H2O. The fraction of NO3
- oxygen derived from H2O was 0.82, 

greater than the 0.66 predicted by current mechanistic models of nitrification. The greater 

fraction of oxygen from H2O was due to equilibrium isotope exchange that occurs between the 

NO2
- intermediate and H2O prior to its oxidation into NO3

-. This isotopic oxygen exchange, like 

15εNO3
-
/NH4

+, can have profound effects on the final δ18O value of NO3
- from nitrification. Often 

NO3
- δ18O values are used to apportion NO3

- sources between inorganic, atmospheric, and 

organic NO3
-. However, if equilibrium isotope exchange between NO2

- and H2O occurs and is 

not considered, then the fractions of NO3
- sources maybe incorrected allocated. For example, the 

δ18O value of H2O used during soil nitrification in a field will reflect the δ18O value of 

precipitation, which in the United States typically spans -24 to 0‰ and rarely exceeds +5‰ 

(Vachon et al., 2010). Therefore, oxygen isotope exchange between H2O and NO2
- would cause 

the δ18O value of nitrate to be lower than that calculated, since the O atom derived from O2 = 

+23‰ is being exchange with an oxygen from H2O that has a much lower δ18O value (-24 and 

5‰). This would cause the under prediction of contribution of organic NO3
- compared to other 

sources. It’s also important to mention that the degree of oxygen equilibrium exchange is a pH 

dependent process and may be more prevalent in acidic soils as opposed to alkaline soils. The 

finding from this study are particularly important in soils system where NH4
+ additions are large 

and in soils that tend to have a lower pH. This describes Midwestern soils where NH4
+ is the 

dominate source of N fertilizer and the pH of soils range from 6.5 to 6.0. Thus, stable isotope 

sourcing studies that involve nitrate from soils may be more prone to enrichment by 15εNO3
-
/NH4

+ 

and equilibrium isotope exchange of oxygen compared to other locations throughout the U.S. 
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6.2 15εNO3
- and 15εNO2

- of denitrification  

The effect of denitrification on the δ15N of NO3
- and NO2

- was evaluated using a 

combination of experimental investigations and computational chemistry modeling. During 

denitrification of NO3
- to gaseous N, two enzyme steps exist that can cause kinetic isotopic 

enrichment, the reduction of NO3
- to NO2

- (15εNO3
-) and the reduction of NO2

- to gaseous 

N(15εNO2
-). From experimental results, the 15εNO2

- was determined to be 9.1‰ ± 1.5. The 15εNO2
- 

was determined by measuring the fraction of NO2
- loss and plotting against the change in δ15N 

value. The presence of an 15εNO2
- enrichment suggest that if nitrite concentrations are present in a 

significant molar ratio compared to NO3
- than both NO3

- and NO2
- must be separated to 

performing accurate isotopic measurements of δ15N and δ18O. The 15εNO3
- was evaluated using 

four kinetic models that consisted of a first order, zero order, and two Michealis-Menten kinetic 

mechanism. Among all the models the Michealis-Menten models that account for enzyme 

kinetics were able to best reproduce the change in δ15N values of NO3/2. This suggest that for the 

most accurate modeling of changing the δ15N by microbial processes, such as nitrification or 

denitrification, enzyme kinetics should be included. However, when compared to the first order 

model results where only marginally improved, R2 of 0.95 vs 0.93, suggesting that the first order 

Rayleigh model is still an acceptable model to predict changes in δ15N of NO3/2. 

6.3 Qualitative identification and quantification measured of denitrification by stable isotopes 

within an agricultural soil 

This chapter studied denitrification across a 6.75 ha intensively managed landscape.  

Denitrification was evaluated, qualitatively and quantitatively, by measuring the stable isotope of 

nitrate in discharge collected from tile drain runoff from May to November. During this period 

the stable isotopes of δ15N and δ18O steadily enriched from initial Spring values of 1.2‰ and 



138 

 

 

 

0.5‰ to Summer highs of 13.5‰ and 11.2‰, respectively. These isotopic increases were 

regularly accompanied by decreases in NO3
- concentrations, qualitatively demonstrating 

denitrification. The amount of N denitrified was quantify using a Rayleigh isotope distillation 

model paired with concentration data. An estimated 7.6kg N ha-1 or 3% of added N was lost by 

denitrification. Given this small amount of denitrification loss it can be suggested denitrifying 

conditions were not readily present at the field site as other studies that have determined 

denitrified amounts as high as 30kg N ha-1. While many studies have measured the δ15N and 

δ18O values of NO3
- from tile drain discharge this is the first study that quantitively estimated 

denitrification by δ15N. Measurements of δ18O proved useful to eliminate source mixing as a 

possible explanation for the observed increase in δ15N, reinforcing the ability of the dual isotope 

approach. While the δ15N values were used to quantify denitrification. Furthermore, this research 

also emphasizes the importance of complimentary data. High temporal resolution of nitrate 

concentration, precipitation amounts, soils moisture, soil temperature, and N depositions flux, 

proved useful in identifying short-term changes in the soil system. Furthermore, collection of the 

δ18O values of tile drain H2O was found to be instrumental as it controls the δ18O of NO3
- from 

nitrification. Overall, within this chapter we demonstrated that if these other data types are 

collected, along with determining the nitrate δ15N and δ18O values in discharge, researchers can 

potentially evaluate denitrification loss of N at field, or even watershed, scale, something that has 

thus far been elusive.  

6.4 Future Outlook 

This research suggests the potential to use stable isotopes of NO3
- to not only partition 

between NO3
- sources but more importantly to evaluate the progression of reaction pathways of 

NO3
- within soil. Future research should build on the work presenting in this dissertation by 
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further constraining the isotopic enrichment factors of denitrification and nitrification in different 

soils conditions. For example, the 15εNO3
- value presented within this dissertation was just outside 

the range of reported literature value of other soils. An improvement of these studies would not 

only allow better delineation of NO3
- sources but would also improve the precision when 

applying the 15εNO3
-
 to qualitatively determine denitrification as performed in chapter 5. Likewise, 

a better understanding of 15εNO3
-
/NH4

+, and how soil condition affect, would prove immensely 

valuable particular within the Midwestern intensively managed landscapes (IMLs). Furthermore, 

a deeper understanding on not only the extent of equilibrium exchange in soils but also the 

parameters that influence it. Within this dissertation it was shown that between 46% to 100% of 

oxygen exchange can occur between NO2
- and H2O during nitrification, however, other studies 

have found exchange as high as 100% and as low as <1%. Furthermore, while it was not 

investigated within this dissertation equilibrium exchange of oxygen between NO2
- and H2O has 

also been observed during the process of denitrification. Thus, in addition to understanding what 

and how soil parameters control and influence exchange during nitrification, more studies are 

needed to understand if and how soils parameters influence exchange during denitrification. Last 

the quantitative method of estimating denitrification by δ15N used in chapter 5 to estimate 

denitrification within an IML needs a comparison study to fully evaluate this new method. This 

comparison study should apply several methods to estimate denitrification such as chamber 

studies and long-range FT-IR at the same site to evaluate the performance of each approach.  
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APPENDIX 

SUPPLEMENTARY DATA CHAPTER 5 

 

Equation to determine tile discharge rate 

Tile discharge rates (Q) were determined using equations 1A, 1B, and 1C. The equation utilized 

dependent upon the height of the water upstream (Hweir) and down steam (Hdown).  

If Hdown > Hweir equation 1A was used 

𝑄 =  𝐶𝑑𝐻
2𝑡𝑎𝑛

𝜃

2
√2𝑔(𝐻𝑢𝑝 −𝐻𝑑𝑜𝑤𝑛) Eq. 1A 

If Hup ≤ 0 equation 1B was used 

𝑄 = 0 Eq. 1B 

Otherwise equation 1C was used 

𝑄 =
8

15
√2𝑔𝐶𝑑𝑡𝑎𝑛

𝜃

2
(𝐻𝑢𝑝 + 𝑘ℎ)

5

2 Eq. 1C 

Where Q is discharge rates, Cd is the discharge coefficient for flow through a triangular orifice 

(0.58), Kh is a head correction factor (15mm). All heights are relative to the notch of the weir. 

Hdown is the height of the water surface downstream. Hup is the height of the water upstream. 

Hweir is the height from the notch to the top of the weir. g is gravity (g = 9.81m/s2). 

 

N mass balance within field. 

The 61 kg of N ha-1 from Soil N is counted as N turnover not added N. 

Amount of N added = Amount of N loss.  

N added = Fertilizers  

N loss = Plant up take + Denitrification + Leaching 

Fertilizers = Plant up take + Denitrification + Leaching 

Plant up take was calculated using the average N removed per bushel of corn (0.4kg N) with the 

average bushels harvest per acre in Illinois in 2016 (490 bushel per hectare) = 196 kg N ha-1 

(National Agricultural Statistics Survey., 2018; Sawyer & Mallarino, 2007).  

232 kg N ha-1 = 196 kg N ha-1 (plant uptake) – 31kg N ha-1 (leached) – 7.6kg N ha-1 = -2.7 kg N 

ha-1 

We calculate the field had a net loss of 2.7kg N ha-1. 
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Figure S1. Aerial view (study area from April 5th, 2008 from Google Earth) of the experimental 

plot. Red arrows point out impressions in the soil due to tile drains. The yellow box represents 

the 6.75ha study site drainage area. The oval circle marks the location of tile discharge 

monitoring and sampling, and the collection of hydrological and meteorological data.  

 

 

Figure S2. The slope of δ18O-NO3
- to δ18O-H2O of experiment is shown in the black squares/line. 

The slope represents the contribution of oxygen from H2O. The theoretical slope of δ18O-NO3
- to 

δ18O-H2O based on the biochemical steps (fH2O = 0.66, fO2 = 0.33) is shown in the red dots/line.  

Tile 

Flow 

Monitoring 
& sampling 

Sample Site 

Subsurface tile network 
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